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ABSTRACT 
Throughout the world, wetlands are known to support a wide variety of taxa as 
well as high levels of biodiversity and species richness. Although the ecological 
significance of wetlands is well documented in the scientific literature, efforts to map and 
assess wetlands on regional or national scales (e.g., National Wetlands Inventory (NWI)) 
often overlook wetlands which are either very small (< 1 ha) or have ephemeral 
hydroperiods. While the vast majority of wetland research in the southeastern United 
States has focused on wetlands distributed across the coastal plain ecoregion, very little 
information exists on small and/or ephemeral wetlands in areas of southern Appalachia, 
although there are several notable exceptions. Despite the paucity of small wetland data 
in this region, the southeastern US is known as a hotspot for both aquatic biodiversity and 
species endemism. My goal with this project was to examine the biotic communities 
inhabiting small, ephemeral and geographically-isolated wetlands to identify the major 
environmental drivers that contribute to observed community patterns and species’ 
distributions. I studied a set of small, mostly-ephemeral, mostly-isolated wetlands (N = 
41) in the upper Piedmont and lower Blue Ridge ecoregions of South Carolina from
January-June of 2010 and 2011 and focused my efforts on describing the structure, biotic 
communities and surrounding habitat characteristics of my study wetlands. I observed 
high levels of species richness and biodiversity in this previously-undocumented wetland 
system, despite the small size and ephemeral nature of study wetlands. My results 
indicated that the amphibian and benthic invertebrate communities of small, ephemeral 
wetlands responded to different environmental drivers (e.g., wetland depth, area, 
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hydroperiod, canopy cover, surrounding land use types) occurring across multiple spatial 
and temporal scales. Additionally, the amphibian community was significantly influenced 
by a number of environmental variables occurring at both the within-pond scale and 
larger spatial scales (250 m, 500 m and 1 km surrounding land cover variables). By 
contrast, the benthic invertebrate community was significantly influenced primarily by 
variables occurring at the within-pond scale. This wetland system also served as both 
breeding and overwintering habitat for a variety of species such as wood frogs 
(Lithobates sylvatica), spotted salamanders (Ambystoma maculatum), bullfrogs 
(Lithobates catesbeiana), cricket frogs (Acris crepitans). This study highlights the 
ecological importance of small, ephemeral aquatic habitats in a region where little 
research exists regarding such systems; these often-unnoticed ecosystems are likely the 
result of a combination of historical anthropogenic and natural environmental process. 
These legacy wetlands (i.e., wetlands that are the unintended result of some human-
induced environmental change in either the recent or long-term past) are found 
ubiquitously across the landscape and are often missed by coarse-filter mapping 
approaches (e.g., National Wetlands Inventory). I observed many study wetlands to be 
extremely small in size (< 0.05 ha) and that many wetlands were habitats of circumstance 
and opportunity rather than of permanence and predictability. The ephemerality of the 
majority of study wetlands demonstrates the biological significance of small, temporary 
habitats for many species requiring these habitats for breeding activity. Despite the small 
size and ephemeral nature of my study wetlands, I found that these wetlands represented 
a large proportion of amphibian biodiversity in the regional species pool and thus, are an 
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important conservation feature at the local, landscape and regional scales. My study 
demonstrates that small, semi-isolated, mostly-ephemeral wetlands in southern 
Appalachia support high levels of biodiversity and are an important asset deserving of 
further study and conservation recognition.  
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CHAPTER ONE 
RELATIONSHIPS BETWEEN WETLAND CHARACTERISTICS AND AMPHIBIAN 
AND INVERTEBRATE COMMUNITIES IN EPHEMERAL AND ISOLATED 
WETLANDS IN SOUTHERN APPALACHIA 
INTRODUCTION 
Wetlands are a globally-threatened resource that provide essential habitat for 
numerous taxa (Goodale and Aber 2001). Wetlands also provide important ecosystem 
services that are vital to human health and well-being, for example wildlife food 
production and flood control (Paige 1985, Black et al. 1998, Brooks and Hayashi 2002). 
Estimates of historical wetland losses vary but it is generally accepted that approximately 
50% of wetlands have been lost, primarily as a result of agricultural activities and 
development (Palang et al. 2011). Particularly vulnerable are small wetlands that because 
of their geographic isolation from navigable water bodies, fall through regulatory cracks 
of most legislation (Calhoun et al. 2003, Meyer et al. 2003). Small and/or isolated 
wetlands are ecologically-important systems that host high levels of biodiversity and are 
important to multiple taxonomic groups including birds (Cox 1988, Fairbairn and 
Dinsmore 2001, Horn et al. 2005, Dewi et al. 2013), invertebrates (Brooks 2000, Baber et 
al. 2004, Schilling et al. 2008), amphibians (Gibbs 1993, Holomuzki et al. 1994), reptiles 
(Bergstrom et al. 1990, Joyal et al. 2001), mammals (Glitzenstein et al. 1990, Metts et al. 
2001, Falkengren-Grerup et al. 2006, Stevens et al. 2007) and plants (Clewell and Lea 
1989, Houlahan and Findlay 2003). These wetlands are particularly at risk as they are not 
covered by most laws and policies and are also inadequately mapped (Pitt et al. 2012).  
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Figure 1.1 Map of study area showing the relevant ecoregions of South Carolina and 
study wetlands (N = 41)  
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Varying degrees of wetland inundation and isolation across the landscape may help to 
support different and diverse communities of amphibians and benthic macroinvertebrates 
(Stein et al. 1999, Ficetola and De Bernardi 2004, Gibbons et al. 2006). Along with 
variable hydroperiods, small and/or isolated wetlands may exhibit variation in their 
degree of connectivity to other bodies of water, with some wetlands totally surrounded by 
upland terrestrial habitat with no discernible hydrological connections to other 
waterbodies (Leibowitz 2003). The majority of studies focusing on wetlands of the 
southeastern US have focused on coastal plain wetlands (Pechmann et al. 1991, Semlitsch 
et al. 1996b, Stein et al. 1999, Bridges and Dorcas 2000, Snodgrass et al. 2000b, 
Snodgrass et al. 2000c, Engeman et al. 2007, Morris and Maret 2007, Svancara et al. 
2009, Puerta-Piñero et al. 2012) and few studies have examined wetlands in the upper 
Piedmont and lower Blue Ridge ecoregions (but see Hook et al. 1994, Petranka et al. 
2004). One reason for this common omission could be the cryptic signature of small, 
isolated wetlands (Burne and Lathrop 2007, Pitt et al. 2012). Because these wetlands are 
often extremely small in size (< 0.05 ha) and highly-dynamic across time and space, they 
are difficult to identify using traditional mapping techniques based on data that is 
available to the general public. Furthermore, dense canopy cover and steep changes in 
topography can make these features difficult to locate across the landscape. The natural 
variability of small and/or isolated wetland systems contributes to their high biodiversity 
but also means that they are difficult to identify and conserve unless they are connected 
to a ‘navigable waterway’  via a hydrologically, biologically or chemically ‘significant 
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nexus’ (Semlitsch and Bodie 1998, Mank 2003, Wolking 2006, Murphy 2007, Leibowitz 
et al. 2008).  
Conservation of small, potentially-isolated wetlands is a contentious subject in the US 
with multiple agencies being charged with the task of identifying and managing wetlands 
connected to navigable waterways (Downing et al. 2003, Murphy 2007). Furthermore, 
the ambiguous nature of recent United States Supreme Court rulings has led to confusion 
surrounding which wetlands are under federal jurisdiction and which wetlands are not 
(Leibowitz et al. 2008). While much research has demonstrated the importance of small, 
ephemeral wetlands at local and landscape scales, they are afforded very little protection 
under federal laws and relatively few states have taken measures to protect these 
ecosystems (see Preisser et al. 2000, Lathrop et al. 2005, Laurance et al. 2012). 
Furthermore, despite research indicating the importance of amphibian movement among 
different habitat types areas (Gibbs 1998, Baldwin et al. 2006a) and the importance of 
areas adjacent to navigable waterways (e.g., floodplains which often contain ephemeral 
wetlands), conservation efforts are not trending towards protection of small, ephemeral or 
isolated aquatic systems (Correa-Araneda et al. 2012). The temporally- and spatially-
dynamic nature of these wetlands typically means that identification, assessment and 
conservation efforts are often difficult at large extents. Small wetlands, particularly in the 
southeastern US, continue to be lost to development and other anthropogenic activities, 
with over 630,000 acres (254,952 ha) of wetlands lost between 2004 and 2009 (Fetcher 
and Fellows 2011). By identifying how these cryptic ecosystems function biologically 
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and structurally, I hope to identify conservation priorities which are beyond the scope of 
the majority of current legal jurisdiction.  
The importance of ephemeral and isolated wetlands to both breeding and non-
breeding amphibians cannot be overstated and is well-established in the literature 
throughout the world. Several species in the southeastern US (e.g., wood frogs, spotted 
salamanders, spade-foot toads) are known to rely heavily on these habitats to complete 
necessary steps in their life cycles. Amphibians are influenced by conditions at multiple 
scales as many species, particularly those using small wetlands, migrate to and from 
uplands, and multiple sites at landscape scales are important in metapopulation dynamics 
(Hecnar and McLoskey 1996, Semlitsch and Bodie 1998). Additionally, the southeastern 
US is a hotspot for aquatic diversity and endemism and thus, conservation of multiple 
habitat types is critical in order to ensure the ability of amphibian populations to persist. 
Small, isolated and/or ephemeral wetlands also serve as breeding habitat for a wide array 
of benthic invertebrates, which can serve as both predators of and prey for amphibian 
larvae in wetlands.  
My goal in this study was to examine the effect of wetland structural and chemical 
characteristics on community responses of amphibians and benthic macroinvertebrates in 
a series of small, semi-isolated, mostly-ephemeral wetlands in the southeastern US. I was 
also interested in identifying biotic and abiotic drivers across multiple spatial scales that 
were significantly related to the biological communities inhabiting these wetlands. 
Previous work in both laboratory and field settings have examined how amphibian and 
benthic macroinvertebrate communities interact with and influence one another in aquatic 
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habitats (e.g., competition, predation, food web alteration); these studies have produced 
mixed results with some research identifying pronounced effects of invertebrates on 
amphibian larvae and other studies finding little to no significant impacts, or ‘zero sum 
game’ dynamics between the two communities (Werner and Gilliam 1984, Werner and 
Peacor 2003, Batzer et al. 2004, Ranvestel et al. 2004, Dutra and Callisto 2005, Werner et 
al. 2007c, Colon-Gaud et al. 2009). I hypothesized that certain wetland characteristics 
such as area, depth, hydroperiod and surrounding landscape characteristics would differ 
in relative importance to the amphibian and benthic macroinvertebrate communities.  I 
believe that these two communities are influenced differently by environmental drivers 
within my study system, with the amphibian community likely influenced by a greater 
number of drivers compared to the benthic invertebrate community. Therefore, these two 
groups should potentially be considered separately in bioassessment and management 
actions. I studied a total of 41 wetlands across the upper Piedmont and lower Blue Ridge 
ecoregions of South Carolina (termed ‘southern Appalachia’ for this manuscript) in order 
to examine the responses of the biotic communities that occur in these systems to 
environmental drivers at within-pond, local and landscape scales.  
 
METHODS 
Data collection 
 I collected environmental and community data at a total of 41 ephemeral, semi-
isolated wetlands in the upper Piedmont and lower Blue Ridge ecoregions of South 
Carolina (Figure 1.1) over a two-year period in order to understand their structure and 
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biological function across the landscape. Wetlands were identified using a combination of 
remote sensing methods and local ecological knowledge (Pitt et al. 2012). For each 
wetland, I collected a total of sixty environmental variables relating to water chemistry, 
water quality, habitat parameters, and land cover variables across three spatial scales (see 
Appendix A for full list of variables collected) three times between January and June of 
2010 and 2011. These three rounds of data collection were timed to coincide with 
seasonal waves of amphibian breeding effort documented for this area (Conant and 
Collins 1991, Weir and Mossman 2005). Wetlands were visited between two and four 
additional times throughout the year and we established amphibian presence through the 
use of call surveys, visual encounter surveys, egg mass counts and dip-net surveys. I 
approached each wetland quietly and listened for approximately five minutes to identify 
calling anurans. I then carefully searched each wetland’s shoreline out to 5 m from the 
wetland’s edge, carefully overturning rocks, logs and other debris searching for adult 
amphibians in adjacent terrestrial habitats. All amphibians were identified to the species 
and returned to the wetland with the exception of larvae, of which a small sample of 
those we were unable to field-ID were taken to the laboratory, and euthanized with 
Tricaine Methanesulfate (i.e., ‘Finquel,’ ARGENT Chemical Laboratories, Inc., 
Redmond, WA), and preserved for later identification using a buffered 10% buffered 
formalin solution. I calculated detection probabilities for amphibians incorporating our 
multiple site visits and multiple lines of evidence using PRESENCE software, which 
generates both occupancy and detection probabilities (United State Geological Survey, 
2014) (Table 2.2) Because of the strong seasonality of breeding of many study species – 
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e.g., wood frogs (early January), spotted salamanders (January-February), marbled 
salamanders (October-December), bullfrogs (April-July), green frogs (April-August), I 
adjusted the sampling visits which were included in calculation of detection probabilities 
(AmphibiaWeb 2014, Wilson 2014). The level of detectability can depend on any number 
of things in these naturalized wetlands – whether or not water is present, how long the 
water lasts, precipitation and weather events, natural breeding cycles of amphibians, 
which is why I used multiple lines of evidence and multiple site visits during multiple 
years to detect amphibian presence. I had a minimum of two researchers present for each 
site visit and because wetlands were so small (avg = 0.00706 ha, min = 0.00029 ha, max 
= 0.354214 ha), my impression from the field was that my sampling effort and site visits 
were extensive enough to detect the majority of species present in habitats of interest 
(i.e., wetlands and not streams). For certain species (e.g., Plethodontid and other stream-
associated salamanders), I did not expect to detect them in our study pools and their 
presence was observed only in wetlands with a surficial stream connection. Such 
occurrences were generally restricted to higher-elevation, mountainous portions of our 
study area in the lower Blue Ridge of SC.  
  At each wetland, I selected a 1 m2 sampling area to collect benthic 
macroinvertebrates; within this sampling area, we disturbed the substrate manually and 
collected the sample using a D-frame dip net with mesh (Wildco Inc., Yulee, FL). For 
each wetland, I sampled for benthic invertebrates in each microhabitat that I observed so 
the samples would be representative of the entire wetland. Upon returning to the lab, 
benthic macroinvertebrate samples were filtered using a mesh filter and preserved in 80% 
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ethanol for later identification. Each time a wetland was visited over the two year study 
period I documented the presence or absence of standing water and used this data to 
estimate the number of fill/dry cycles; we used this as a proxy for wetland hydroperiod. 
Pools with at least one observed fill/dry cycle were classified as ‘ephemeral’ and pools 
that were not observed to ever fully dry during the course of our study were classified as 
‘permanent.’   
Remotely-Sensed Data 
I acquired landscape composition data from the USGS Seamless server data 
warehouse and used the 2006 National Land Cover Database data to extract land use/land 
cover data for the upper Piedmont and lower Blue Ridge ecoregions of SC (ESRI 2011). I 
reclassified the land cover data into the following seven categories: open water, 
disturbed/successional, cultivated, pasture, forested (both deciduous and evergreen), low-
density development and high-density development. I then calculated the area of each 
land cover type at three spatial scales: local (150 m), patch (500 m) and landscape (1km) 
scales. Because much research has demonstrated the importance of landscape-scale 
variables in influencing wetland communities (Knutson et al. 1999, Ford et al. 2000, 
Porej et al. 2004, Buskirk 2005), I used these landscape variables as predictors in 
conjunction with within-pond variables to explain variation in amphibian and benthic 
macroinvertebrate distributions.  
Statistical Analyses 
I examined the effect of wetland depth, area and hydroperiod on both amphibian and 
benthic invertebrate richness and diversity (of adult amphibians only) using Shannon-
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Weiner’s H and Hurlbert’s PIE (Probability of an Interspecific Encounter), which 
calculates the proportion of encounters that will be from another species for one 
individual. I also examined the effect of wetland area on species richness of amphibians, 
breeding amphibians, benthic macroinvertebrate richness and diversity, and species 
richness of other vertebrates observed to utilize wetland habitats during the two year 
study period. I used Pearson product-moment correlations to examine relationships 
among dependent and independent variables and to investigate collinearity among 
variables. 
I performed a Non-Metric Multidimensional Scaling (NMDS) analysis to ordinate 
both amphibian and benthic macroinvertebrate communities using presence-nonpresence 
data collected over both years of the study period. NMDS is a distance-based ordination 
method that maximizes rank-order correlations between samples and species in 
ordination space (McCune and Grace 2002). Unlike many other techniques, NMDS is an 
iterative method that stops only when a satisfactory solution is found. NMDS analysis 
makes no assumptions about the structure of the data and can be used with any distance 
metric and are flexible in terms of the type of data used for analysis (e.g., binary, 
continuous). I performed each ordination using k = 3 dimensions in order to maintain 
realistic biological and graphical interpretability. I then used an environmental fit 
function from the ‘Vegan’ package in R Statistical Software (Desmond et al. 2002), to 
relate these community ordinations to collected environmental variables. The ‘envfit’ 
function seeks to find the direction (in multidimensional space) that has a maximum 
correlation with an external set of variables (i.e., collected environmental variables) 
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(Desmond et al. 2002). Using this function, I performed permutation tests (permutations 
= 10,000) to assess the significance of environmental vectors at α = 0.05. To account for 
collinearity among the increasingly-large spatial scales of data collection, I applied a 
correction factor in which I removed the area of the concentric buffers (250 and 500 m) 
from the next largest spatial scale; this allows the technique to analyze land cover data at 
500 m and 1 km spatial scales separately and without including the spatially 
autocorrelated information from smaller spatial scales (Zuur et al. 2009, Ibbe et al. 2011). 
All statistical analysis were performed using R statistical software (R Core Development 
Team, 2012).  
 
RESULTS 
 I found a total of twenty-four amphibian species in our study wetlands, all with 
detection probabilities < 1.0 (Table 1.1). I found that total amphibian species richness, 
breeding amphibian species richness and total taxonomic richness were significantly 
related to log-transformed wetland area (Figures 1.2.1, 1.2.2 and 1.2.3).  
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Figure 1.2.1 Relationship between amphibian species richness and log-transformed pool 
area (R2 = 0.20999, F-ratio = 11.6323, p = 0.0015) of N = 41 ephemeral and/or isolated 
wetlands in SC 
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Figure 1.2.2 Relationship between breeding amphibian species richness and log-
transformed pool area (R2 = 0.104879, F-ratio = 4.5695, p = 0.0389) of N = 41 ephemeral 
and/or isolated wetlands in SC 
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Figure 1.2.3  Relationship between total taxonomic richness and log-transformed wetland 
area (R2 = 0.097895, F-ratio = 4.2322, p = 0.0464) of N = 41 ephemeral and/or isolated 
wetlands in SC 
 
I found sufficient evidence to suggest that amphibian species richness was 
significantly and positively related to average wetland area (log-transformed) (Figure 
1.2.1; R2 = 0.22974, df = 40, F-ratio = 11.6323, p = 0.0015) with the largest wetlands 
having the highest levels of amphibian species richness. Conversely, benthic 
macroinvertebrate taxonomic richness was not significantly related to wetland area or 
depth. We found no significant relationship between amphibian species richness and 
permanent versus ephemeral wetlands (collapsed into binary categories, 0 = permanent, 1 
= at least one drying event). 
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Table 1.1 Species detection probabilities calculated for (N = 40) study wetlands, adjusted 
for relevant breeding period for species with strong seasonality of breeding. 
 
Species Adjusted P(j) 
Lithobates sylvatica 0.5500 
Ambystoma maculatum 0.4844 
Acris crepitans 0.4146 
Lithobates clamitans 0.3902 
Pseudacris ferarium 0.3171 
Lithobates sphenocephalus 0.2927 
Lithobates catesbeiana 0.2927 
Notopthalmus viridescens 0.2683 
Desmognathus fuscus 0.2195 
Bufo americanus 0.1951 
Pseudacris crucifer 0.1885 
Desmognathus ocoee 0.0732 
Desmognathus monticola 0.0732 
Eurycea cirrigera 0.0488 
Bufo fowleri 0.0488 
Gastrophryne carolinensis 0.0488 
Lithobates palustris 0.0488 
Bufo terrestris 0.0488 
Ambystoma opacum 0.0061 
Hyla chrysoscelis 0.0061 
Plethodon glutinosis complex 0.0061 
Eurycea guttolineata 0.003 
Plethodon metcalfi 0.003 
Pseudotriton ruber 0.003 
 
I investigated the relationships between hydroperiod versus wetland area and 
depth and found no significant relationship among these factors. I found significant 
differences in amphibian species richness between wetlands with and without fish 
(Wilcoxon Rank-Sums test, X2 = 7.6935, df = 1, p = 0.0055), with higher median levels 
of diversity observed in wetlands with fish. Benthic macroinvertebrate richness and 
diversity did not differ significantly between wetlands with and without fish. I found 
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significant differences in benthic macroinvertebrate genus richness (two-sample t-test, df 
= 40, F-ratio = 4.2985, p = 0.0448) between permanent and ephemeral ponds with more 
permanent wetlands having significantly higher invertebrate richness as compared 
wetlands with shorter hydroperiods (Figure 1.3). Presence of amphibian reproductive 
activity was significantly and negatively related to total abundance of three benthic 
macroinvertebrate orders Ephemoptera, Plecoptera and Tricoptera (Wilcoxon Rank-Sums 
test, X2 = 9.7327, df = 1, p = 0.0018). These three orders are commonly referred to as 
‘EPT’ and are considered to be ‘sensitive’ organisms (i.e., higher abundances of these 
organisms are indicative of high water quality) that are used with other aquatic indices to 
indicate water quality in rapid bioassessment protocols by the US Environmental 
Protection Agency.  
 
 
Figure 1.3 We observed significant differences in invertebrate richness in permanent (0 
observed fill/dry cycles) versus ephemeral wetlands (1 or more observed fill/dry cycles) 
(Two-sample t-test, df = 39, p = 0.0448) in N = 41 study wetlands 
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The NMDS ordination performed on amphibian community data converged on a 
solution after 45 tries and with a final stress of 11.45963 using k = 3 dimensions. The 
NMDS ordination performed on benthic macroinvertebrate community data converged 
on a solution after 3 tries with a final stress level of 0.112399 using k = 3 dimensions. 
NMDS ordination of the amphibian and benthic macroinvertebrate communities followed 
by fitting of environmental vectors revealed that the amphibian community as a whole 
was significantly related to biotic and abiotic variables at the within-pond, pond-adjacent 
(5 m buffer), local (250 m), patch (500 m), and landscape scales (1 km) ( Table 1.2). The 
benthic macroinvertebrate community was primarily driven by variables occurring at the 
within-pond scale, with the analysis retaining only two significant landscape scale 
variables (Table 1.3).  
Table 1.2 Environmental variables, across all spatial scales, which were significantly 
related to the NMDS ordination of the amphibian community. 
 
Variable R2  P-value 
pH 0.1621 0.030 
Pool canopy cover 0.2354 0.003 
Wetland depth 0.2013 0.016 
Conductivity 0.2252 0.012 
%  Current Forested (250 m) 0.2771 0.002 
%  Current Disturbed (250 m) 0.1901 0.019 
%  Current Forested (500 m) 0.2841 0.003 
%  Current Disturbed (500 m) 0.2498 0.006 
%  Current Forested (1 km) 0.1887 0.026 
%  Current Disturbed (1 km) 0.1959 0.024 
% Historical Forest (250 m) 0.2883 0.006 
% Historical Cultivated (250 km) 0.2360 0.046 
% Historical Forested (500 m) 0.2658 0.020 
% Historical Forested (1 km) 0.3049 0.006 
% Historical Cultivated (1 km) 0.2835 0.009 
% Historical Pastureland (1 km) 0.2758 0.011 
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Figure 1.4 NMDS ordination biplot amphibian community data from (N = 40) study 
wetlands in the upper Piedmont and lower Blue Ridge ecoregions plotted against 
significant variables retained at alpha = 0.05 by the ‘envfit’ function in R.(ACCR = Acris 
crepitans, AMMA = Ambystoma maculatum, AMOP = Ambystoma opacum, BUAM = 
Bufo americanus, BUFO = Bufo fowleri, BUTE = Bufo terrestris, DEFU = 
Desmognathus fuscus,  DEOC = Desmognathus ocoee, DEMO = Desmognathus 
monticola, EUCI = Eurycea cirrigera, EUGU = Eurycea guttolineata, GACA = 
Gastrophryne carolinensis, NOVI = Notopthalmus viridescens, PLGL = Plethodon 
glutinosis complex, PLME = Plethodon metcalfi, PSCR = Pseudacris crucifer, PSMO = 
Psuedotriton montanus, PSRU = Pseudotriton ruber, PSFE = Pseudacris ferarium, 
RACA = Rana (Lithobates) catesbeiana, RAPA = Rana (Lithobates) palustris, RASP = 
Rana (Lithobates) sphenocephalus, RASY = Rana (Lithobates) sylvatica, UnidentRanid 
= Unidentified Ranid) 
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Table 1.3 Environmental variables, across all spatial scales, which were significantly 
related to the NMDS ordination of the benthic invertebrate community 
 
Variable R2 p-value 
pH 0.1921 0.022 
Coliform Concentration 0.1792 0.023 
Pool canopy cover 0.5511 0.001 
%  Current Forested (250 m) 0.1553 0.035 
% Historical Cultivated (250 m) 0.1671 0.071 
% Historical Disturbed (1 km) 0.1774 0.065 
 
 
Figure 1.5 NMDS ordination biplot of benthic invertebrate community data, sorted by 
Functional Feeding Groups, from (N = 41) study wetlands in the upper Piedmont and 
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lower Blue Ridge ecoregions plotted against significant variables retained at alpha = 0.05 
by the ‘envfit’ function in R. 
 
DISCUSSION AND CONCLUSIONS 
I found that wetland hydroperiod (permanent versus ephemeral) had a 
fundamentally different effect on the amphibian and benthic macroinvertebrate 
communities in our study system. Specifically, mostly permanent wetlands (i.e., wetlands 
that were not observed to dry during the duration of our study period) showed trends of 
higher levels of amphibian species richness and significantly higher levels of invertebrate 
taxonomic richness. Hydroperiod is a well-established driver of aquatic assemblages in 
many wetland systems (Snodgrass et al. 2000a, Weyrauch and Grubb 2004, Babbitt 2005, 
Baldwin et al. 2006b, Hermy and Verheyen 2007, Werner et al. 2007a) and while I 
observed higher levels of amphibian species richness in more permanent wetlands, these 
results were not statistically significant and other work has found the highest levels of 
species richness in ponds with intermediate hydroperiod (Kolozsvary and Swihart 1999, 
Babbitt et al. 2003, Babbitt 2005). While permanent ponds contained the highest levels of 
species richness, I did observe that ephemeral wetlands still supported distinct aquatic 
communities not necessarily found in larger wetlands. Previous work has found that 
wetlands which hold water for only a portion of the year provide critical breeding habitat 
for species which require an ephemeral hydroperiod to successfully reproduce 
(Bergstrom et al. 1990, Li et al. 2010). Hydroperiod can be considered as an indicator of 
the degree of wetland permanence and is also indicative of some aspects of the predation 
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regime in our study wetlands as wetlands with longer, more permanent hydroperiods are 
more likely to contain fish and other predators.  
Much work has demonstrated the strong role of fish in determining amphibian 
assemblages (Wellborn et al. 1996, Rubbo and Kiesecker 2005, Werner et al. 2007a) and 
it is generally accepted that fish act as predators on amphibian larvae and have overall 
negative impacts on amphibians (Wellborn et al. 1996, Werner and Peacor 2003). I found 
that amphibian species richness was higher in wetlands with fish present whereas benthic 
macroinvertebrate richness was higher in wetlands lacking fish, indicating different 
responses to potential predation by the two communities. My results may be due to the 
fact that fish establishment typically occurs only in more permanent ponds which, in my 
study, tended to be larger in area, deeper, and likely provided more resources for a wider 
array of amphibians. Conversely, small, isolated wetlands with ephemeral hydroperiods 
allow for a fish-free environment which attracts more sensitive species that are equipped 
to better deal with rapid drying conditions; however, unlike vernal pools of the 
northeastern US, there were few fishless, long-hydroperiod wetlands in my study system 
meaning less optimal breeding habitat that is available to specialists such as wood frogs 
and spotted salamanders.  
I found that wetland area and depth appeared to impact the amphibian community 
more strongly in relative comparison to the macroinvertebrate community. These results 
further suggest that amphibian and invertebrate communities, both of which are thought 
to be sensitive taxa and potential indicator species, should be considered separately when 
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performing bioassessments in aquatic habitats (i.e., one ‘sensitive’ taxonomic group 
should not necessarily be used as a proxy for or an indication of the other).  
Assessment efforts often utilize the benthic macroinvertebrate EPT taxa (used by 
the Environmental Protection Agency) as part of their freshwater rapid bioassessment 
protocols (Barbour et al. 1999) and the presence and/or abundances of individuals from 
one or all of these orders is considered an indication of good water quality (Eaton and 
Lenat 1991, Lenat and Barbour 1994, Zube 1995). In general, these protocols were 
developed entirely for use in stream ecosystems as opposed to wetlands (but see Brooks 
2000, Sharma and Rawat 2009, Bischof et al. 2013). Other work has suggested that 
amphibian and benthic macroinvertebrate communities respond similarly to specific 
environmental variables at both the local and landscape scale (Ford et al. 2000, Rubbo 
and Kiesecker 2005, Hermy and Verheyen 2007, Werner et al. 2007b); however, my 
results indicate that in this study system, these two communities may not respond in 
tandem as a single aquatic community. Although studying the two taxa separately will 
likely involve more intense sampling effort over longer periods of time in order to fully 
capture wetland functioning across space and time (particularly in the context of 
relatively longer amphibian life cycles), my results emphasize that these two 
communities should be considered separately in the context of assessment, conservation 
and management actions. 
Both overall and breeding amphibian species richness were significantly and 
positively related to wetland area, suggesting that area is an important predictor of both 
wetland-breeding and non-breeding amphibian species. This finding has been 
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demonstrated in numerous other amphibian studies (Findlay and Houlahan 1997, Baber et 
al. 2004, Porej and Hetherington 2005, Werner et al. 2007a) and represents a way in 
which this study system potentially reflects general patterns of wetland structure and 
function in other regions of the US. Additionally, log-transformed wetland area was also 
significantly and positively related to the total species richness of other vertebrates (e.g., 
beavers, raccoons, waterfowl, etc) observed to utilize these wetlands. While wetland area 
may be an important driver for the overall amphibian community, I found no significant 
relationship between wetland area and adult amphibian abundance. This finding appears 
somewhat counterintuitive, as greater wetland area potentially implies more shoreline, 
greater habitat complexity, and better opportunities to partition resources spatially and 
temporally among calling or mating amphibians. Moreover, I did not find a significant 
relationship between amphibian breeding richness and wetland hydroperiod. It is possible 
that my measure of hydroperiod (estimated number of fill/dry cycles and general 
inundation observations during site visits) was not precise enough to accurately depict the 
differences in hydroperiod regime among our study wetlands, as I did not collect data on 
wetland morphometry or estimate volumes (Brooks and Hayashi 2002). Also, it is likely 
that the use of multiple data loggers at each wetland site would more precisely reflect 
environmental changes (e.g., temperature) that correspond to the exact time of wetland 
drying.  
While benthic macroinvertebrate diversity was not significantly related to wetland 
hydroperiod, I found that benthic macroinvertebrate genus richness was significantly 
related to hydroperiod with permanent wetlands having higher levels of species richness. 
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Numerous studies have demonstrated the significance of hydroperiod as a driving factor 
for benthic macroinvertebrate richness and other community dynamics in temporary 
wetlands (Brooks 2000, Bischof et al. 2013). While large wetlands are clearly important 
in supporting many aquatic species, this is not to say that small wetlands are somehow 
less valuable or significant in providing habitat and resources for amphibians and other 
wildlife.  
The NMDS ordination revealed that amphibian composition was significantly 
related to biotic and abiotic variables across multiple spatial scales whereas the 
invertebrate community was related primarily to within-pool variables with few 
associations with landscape scale variables. Specifically, the benthic macroinvertebrate 
composition was significantly influenced by canopy cover, wetland pH and total coliform 
levels. My results agree with other work demonstrating that benthic macroinvertebrates 
from seasonal wetlands were strongly influenced by canopy cover and other within-pond 
attributes as well (Bischof et al. 2013). Previous work in the southeastern US has 
revealed similar patterns in which benthic macroinvertebrates are primarily driven by or 
sensitive to within-pond or the most local spatial scale of data collection as opposed to 
larger-scale, landscape variables (Tangen et al. 2003, 2014). Other research has 
demonstrated the significance of environmental drivers occurring across multiple spatial 
scales for amphibian communities (Kolozsvary and Swihart 1999, Lehtinen et al. 1999, 
Ficetola and De Bernardi 2004, Herrmann et al. 2005a). This further suggests that the two 
communities are influenced by different environmental drivers and thus, these 
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communities should not be considered as proxies for one another in assessment or 
management efforts for wetlands in our study area.  
Isolated and ephemeral wetlands of southern Appalachia not previously been 
studied in this level of detail and this study is the first, to my knowledge, to characterize 
both amphibian and benthic macroinvertebrate communities in small and/or isolated 
wetlands in the upper Piedmont and lower Blue Ridge ecoregions. My work revealed that 
this wetland system is of particular importance and serves as both breeding and stopover 
habitat for various taxonomic groups. Specifically, many of my study pools served as 
breeding habitat for spotted salamanders, wood frogs, and several toad species. My 
results reinforce the notion that even extremely small (< 0.05 ha) wetlands can function 
to support diverse communities in our study area. Moreover, this study has highlighted 
some significant differences between the responses of the amphibian and benthic 
macroinvertebrate community and this suggests that these two taxonomic groups should 
be assessed and conserved as separate entities. Presence or high abundances of ‘sensitive’ 
benthic macroinvertebrate taxa do not necessarily imply that the water is of high quality 
for other taxonomic groups such as amphibians.  
Small and/or isolated wetlands exist all over the US in many different forms and 
originating from many different natural and human-driven forces. My work suggests that 
such wetlands are an important local and landscape feature supporting numerous 
taxonomic groups in the upper Piedmont and lower Blue Ridge ecoregions of the 
southeastern US. Furthermore, the communities inhabiting these wetlands respond to 
environmental drivers in different ways and across different spatial scales and not 
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considered as proxies for one another. The future status of small and/or isolated wetlands 
in the US still remains largely ambiguous as legislation has yet to reflect the science 
conducted on these ecosystems and the communities they support. Despite the cryptic 
nature of these small ecosystems, I believe that they are of paramount importance for 
aquatic conservation and the maintenance of aquatic biodiversity at the local and regional 
scale.    
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CHAPTER TWO 
 
THE IMPACT OF CURRENT AND HISTORICAL LAND USES ON AMPHIBIAN 
AND INVERTEBRATE DISTRIBUTIONS IN ISOLATED WETLANDS IN THE 
UPPER PIEDMONT AND LOWER BLUE RIDGE ECOGREIONS OF THE 
SOUTHEASTERN US 
 
INTRODUCTION 
Species’ interactions with surrounding environments determine distributions and 
patterns of diversity and understanding the processes that underlie such patterns is a 
major goal of ecology (Odum and Barrett 1971). Understanding the ways in which 
species’ responses and distributions are modified by anthropogenically-driven forces is a 
major challenge for conservationists and ecologists alike (Groom et al. 2006). Because 
very few, if any, habitats remain untouched by human influence, it is important to 
consider not only current anthropogenic influences and land use changes but historical 
dynamics and the role that these historical factors play in influencing present-day 
distributions (Hall et al. 2002, Foster and Aber 2004). Even prehistoric humans exerted 
significant impacts on landscapes across the globe through traditional practices involving 
burning, agriculture, deforestation, hunting and domestication of flora and fauna 
(Delcourt and Delcourt 1997, Figueroa and Aronson 2006). The southeastern US has a 
long and intensive history of human-induced, landscape-scale changes spanning the 
Paleo-Indian era through European colonization and to the present day (Trimble 1974, 
Trimble and Weirich 1987, Delcourt and Delcourt 1997, Cowell 1998, Richter et al. 
2000), specifically in terms of large-scale agriculture and resulting exhaustion of 
nutrients and losses of soil (Huntington et al. 2000, Trimble 2008). By recognizing the 
ecological patterns of this region as a product of both natural and anthropogenic forces 
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through space and time, I hope to better understand the ecology and functional roles of 
extremely small (< 0.05 ha) wetlands in this area.  
Studying the effects of historical land use on habitats and natural resources may 
be essential for understanding present-day distribution patterns of plants, animals and 
habitats and may add explanatory power to studies seeking to explain these patterns 
(Foster 1992, Cowell 1998, De Wet et al. 1998, Hamin 2001, Foster et al. 2003, Piha et 
al. 2007).  Many studies and previous research support the relevance of incorporating 
historical data in order to better predict and mediate future environmental changes 
resulting from climate change and other abiotic stressors (Foster et al. 2003, Thieme et al. 
2012, Samojlik et al. 2013) and to better facilitate recovery and restoration efforts (De 
Wet et al. 1998, Shafer 1999, Hamin 2001). Much research has indicated the importance 
of considering historical land use as a predictor variable driving present-day distributions 
of amphibians (Piha et al. 2007, Semlitsch et al. 2007), waterfowl (Taft and Haig 2003), 
invertebrates (Kalisz and Dotson 1989, Callaham et al. 2006), fish (Evans et al. 1996, 
Harding et al. 1998) and vegetation (Foster 1992, Koerner et al. 1997, Donohue et al. 
2000, Bellemare et al. 2002, Verheyen et al. 2003, Flinn and Vellend 2005, Hermy and 
Verheyen 2007, Standish et al. 2008). Furthermore, the persistent effects land-use 
practices such as logging, agriculture, and the textile industry have negatively affected 
other resources such as soil, water, nutrient cycling dynamics (Richter et al. 2000, 
Dupouey et al. 2002). Other work has suggested that time lags between the onset of 
disturbance and actual responses of organisms may explain the significance of historical 
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landscape patterns in explaining present-day patterns of flora and fauna (Vellend et al. 
2006, Hermy and Verheyen 2007). 
My goal was to understand the role of historical landscape condition on the 
amphibian and invertebrate communities inhabiting small, mostly-ephemeral wetlands in 
the upper Piedmont and lower Blue Ridge ecoregions of the central southeastern US. 
Furthermore, I wanted to look beyond the community level and focus specifically on the 
impacts of historical landscape condition on two wetland-dependent species, wood frogs 
and spotted salamanders. These two species are widely distributed across the eastern 
portion of the North American continent, are known to depend primarily on isolated 
and/or ephemeral wetlands for breeding habitat, and have been studied intensely in other 
regions of the US (Paton and Crouch 2002, Faccio 2003, Baber et al. 2004, Egan and 
Paton 2004, Homan et al. 2004, Regosin et al. 2005, Skidds et al. 2007, Berven 2009, 
Howard et al. 2012). 
My goal in this study was to understand the individual contribution of historical 
and current landscape condition to examine the role that land use legacies play in 
determining present-day aquatic communities in mostly-ephemeral habitats. I predict that 
historical land use will be equally, if not more, important as current land use data in 
explaining variation in amphibian and macroinvertebrate communities.  Additionally, I 
wanted to understand the specific role of historical landscape condition on two wetland-
dependent species, wood frogs and spotted salamanders. I predict that spotted 
salamanders will be more sensitive to historical land use data because they are relatively 
longer-lived, less-vagile and have lower reproductive rates compared to wood frogs. 
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METHODS 
Study Area 
 My study area is part of the southern Appalachian region known as the southern 
Blue Ridge escarpment where the upper Piedmont ecoregion meets the lower Blue Ridge 
(Fig 1.1). The area has high levels of habitat heterogeneity, endemism, and species 
biodiversity (Murdock 1994, Stevens et al. 2006). Study wetlands were located within 
four northwestern counties of South Carolina: Oconee, Pickens, Anderson, and 
Greenville counties.  This area contains portions of both the upper Piedmont and lower 
Blue Ridge ecoregions and has undergone intensive land use changes before and after the 
period of European colonization (Denevan 1992, Delcourt and Delcourt 1997, 
Dotterweich 2013). Study wetlands were chosen through a combination of remote-
sensing efforts and the utilization of local ecological knowledge to identify extremely 
small wetlands in the area (Pitt et al. 2012). The average area of study wetlands was 
0.0071 ha (min = 0.0003, max = 0.3542 ha); due to the extremely small size of these 
features, local ecological knowledge played an important role in the initial locating of 
study wetlands (Pitt et al. 2012). 
Data Collection & Manipulation 
I examined a set of N = 41 isolated wetlands in the upper Piedmont and lower 
Blue Ridge ecoregions of South Carolina in January – June 2010 and 2011. While I had a 
total of 41 wetlands included in the study, one wetland was dry during each site visit, 
with the exception of the first visit, and I did not find any amphibians in or around said 
wetland; therefore, I removed this wetland for analyses of the amphibian community (N = 
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40 in such cases). For each wetland, I performed multiple site visits (6 visits per wetland 
per year) and used multiple lines of evidence (call surveys, dip net sweeps, egg mass 
counts, and visual encounter surveys) to establish amphibian presence in wetlands. I 
approached each wetland quietly and listened for approximately five minutes to identify 
calling anurans. I then carefully searched each wetland’s shoreline out to 5 m from the 
wetland’s edge, carefully overturning rocks, logs and other debris searching for adult 
amphibians in adjacent terrestrial habitats. The majority of amphibians were identified in 
the field to the species level. For amphibian larvae, I removed one individual of each 
apparent species and returned them to the lab for later identification. All larvae were 
anesthetized using TriMethelSulfate (Finquel – Carolina Biological Supply, Burlington, 
NC) and were identified to the species level in the lab. I also sampled for benthic 
macroinvertebrates three times per year in each wetland using a mesh, D-net frame 
(Wildco Inc., Yulee, FL); each sample was returned to the lab, rinsed over a fine mesh 
filter and preserved in a 90% ethanol solution for later identification. All benthic 
macroinvertebrates were identified to the genus level. I collected additional variables 
related to water quality and chemistry using a YSI sonde (Xylem Co., Yellow Springs, 
Ohio) at each wetland during our study period (Appendix A). I also collected information 
regarding wetland inundation and hydroperiod length. Because of inconsistencies in the 
information provided by dataloggers, I was unable to create detailed hydrographs for 
each wetland and as a result, I was likely unable to recognize every fill/dry cycle that 
occurred for every single wetland. As a result, I used the number of times a wetland was 
inundated (versus the number of times a wetland was dry) during all site visits as a 
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surrogate for hydroperiod. This method gave a good indication of which wetlands were 
permanent or semi-permanent (i.e., did not totally dry during our study period) and which 
wetlands were ephemeral (i.e., those wetlands that dried up completely one or more times 
during our study period). 
Using the USGS Earth Explorer website (http://earthexplorer.usgs.gov/), I 
downloaded black and white infrared aerial photographs, taken by the US Department of 
Agriculture (USDA) that corresponded to each wetland’s GPS location measured at each 
wetland’s edge (USGS 2010). I also obtained georeferenced photographs taken by the 
Soil Conservation Service in 1935 from Clemson University. The earliest aerial images 
were taken in 1935 and the most recent photos were taken in 1955. Despite the twenty 
year gap between the oldest and most recent photographs, this time range still allows for 
interpretation of major land uses during and immediately following the major period of 
farm abandonment in the southeastern US (Trimble 1974, Hayes Jr. 2001, Lobao and 
Meyer 2001). Because there are often time lags between the onset of a disturbance (e.g., 
agriculture) and species’ responses to this disturbance (e.g., changes in population 
dynamics over time), it is essential to consider historical elements such as large-scale 
agriculture and reforestation dynamics and how these factors continue to influence 
present-day distributions of plants and animals (Vellend et al. 2006, Gustavsson et al. 
2007, Kuussaari et al. 2009, Sang et al. 2010, Ibbe et al. 2011).  
In ArcGIS (Tangen et al. 2003), I georeferenced each photograph using at least 8 
control points and an RMS2 error of no more than 16. After georeferencing each 
photograph and delineating approximate wetland locations on historical aerial 
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photographs, using GPS location points, I drew polygons around all distinguishable 
features (houses, barns, fields, lakes, etc) and classified each polygon as either 1) open 
water, 2) disturbed/successional, 3) pasture land, 4) agricultural land, 5) forested land, 6) 
low density development and 7) high density development. I then created new shapefile 
layers for each wetland with historical land use/land cover classified at the 250 m, 500 m 
and 1 km spatial scale using concentric buffers around each wetland.  
Data Analysis 
For amphibians, I examined relationships between species richness, diversity and 
individual species distributions and 1) current land use/land cover and 2) historical land 
use/land cover to explore the general relationships and to see if there were any 
pronounced effects of current or historical landscape condition. All statistical analyses 
were performed using R Statistical Software (R Core Development Team, 2012). In order 
to examine the variance explained by current versus historical land uses, I performed two 
methods of variance partitioning in order to compare their results and better understand 
the effects of past and present land uses on amphibian and benthic macrovinvertebrate 
communities: the variance partitioning function in the Vegan package and distance-based 
Redundancy analysis based on the ‘capscale’ function.  
 I used the ‘varpart’ function in the Vegan package to partition variance attributed 
to current and historical land uses into individual fractions. This method can be used to 
determine the likelihood of separate sets of predictors in explaining patterns in 
community structure (Peres-Neto et al. 2006). The function allows the user to partition 
variation in response variables explained by at least two different data matrices 
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individually and together (Desmond et al. 2002, Peres-Neto et al. 2006). In order to 
examine the variance explained by each explanatory table (current and historical land 
uses, in this case), the function uses adjusted R2 values (Peres-Neto et al. 2006). This 
method is advantageous because the issue of collinearity in explanatory matrices is 
circumvented (Desmond et al. 2002, Howard et al. 2012). I used a distance-based 
Redundancy Analysis (db-RDA) to partition variance in species occurrence and 
distribution data for amphibians and benthic invertebrates respectively. This method of 
variance partitioning allows the researcher to examine communities and their relationship 
to environmental factors (Legendre et al. 2005, Peres-Neto et al. 2006, Sinkko et al. 
2011). Distance-based RDA is a constrained ordination of data using non-Euclidean 
distance measures (Sinkko et al. 2011). We performed this analysis using the ‘capscale’ 
function in R to assess the relative contribution of current versus historical landscape 
condition on amphibian and benthic macroinvertebrates communities. To test for 
significant relationships with environmental variables, I performed ANOVAs on analysis 
results in relation to collected environmental variables (water chemistry and quality 
parameters, land use across multiple spatial scales) followed by permutation tests to 
assess the overall significance of the resulting ordination as compared randomly-
generated patterns (permutations = 10,000). I repeated the same set of steps for the 
benthic macroinvertebrate abundance data.  
Because I wanted more information, on a species level, regarding the most 
influential environmental drivers (as opposed to more broad, community-level 
interpretations), I performed binomial logistic regression followed by information 
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theoretic model selection for two selected species. I chose wood frogs and spotted 
salamanders because they were the most ubiquitously-found species across all of my 
sampling sites and events, both are thought to be in decline due to human activities and 
both species are considered regionally significant to some degree. Both species breed in 
ephemeral wetlands and lay large, conspicuous egg masses that are readily censused to 
indicate presence and can also be used to make inferences regarding the dynamics of the 
breeding population. Candidate models for each species were formulated on the basis of 
1) initial exploratory data analyses, 2) multivariate ordination and classification 
techniques and 3) previously-identified significant variables based on the literature for 
both species (Table 2.1). Using these methods, I organized a set of candidate models for 
both wood frogs (Model Variables, see Table 2.2) and spotted salamanders (Model 
Variables, see Table 2.3). Models were evaluated using Akaike’s Information Criterion 
for small sample sizes (AICc) (Burnham and Anderson 2004) and model weights were 
then used to identify models that best predicted wood frog and spotted salamander 
occurrence in small, seasonal wetlands. We considered only models with ∆AICc < 2 as 
the overall top-supported models. We purposely omitted hydroperiod from our candidate 
models for reasons discussed below (see Discussion).   
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Table 2.1 Literature used for formulation of candidate models for analysis of 
environmental drivers of spotted salamander and wood frog communities in N = 40 
wetlands in the upper Piedmont and lower Blue Ridge ecoregions, SC 
 
Species Structuring Variables Author Year 
Wood Frogs Wetland Depth, Dissolved Oxygen Brindle et al.  2009 
 
Dissolved Oxygen Sacerdote et al.  2009 
 
Wetland Depth   Skidds et al.  2007 
 
Canopy cover Egan & Paton 2004 
 
Water temp Dougherty et al. 2011 
 
Landscape condition Baldwin et al. 2006 
 
Canopy Cover Earl et al. 2011 
    Spotted Salamanders Wetland Area Egan & Paton 2004 
 
Wetland Depth   Skidds et al.  2007 
 
Wetland Depth   Dougherty et al. 2011 
 
Canopy cover Egan & Paton 2004 
 
Canopy cover Baldwin et al. 2006 
 
Distance to nearest wetland Baldwin et al. 2006 
  Canopy Cover Earl et al. 2011 
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Table 2.2 Model variables used for binomial regression and model selection for wood  
frogs (Lithobates sylvaticus) in (N = 40) study wetlands in the upper Piedmont and lower 
Blue Ridge of South Carolina 
 
 
Model Variables  – Lithobathes sylvaticus 
Dissolved oxygen* 
Nitrate concentration 
Wetland Depth (cm)* 
Water Temperature 
Total Abundance of Shredder Invertebrates 
Total Abundance of Parasite Invertebrates* 
% Pool Canopy Cover 
Historical Forested Area (500 m)* 
Historical Forested Area (1 km) 
Current Forested Area (250 m) 
Current Forested Area (500 m) 
Current Disturbed Area (1 km) 
 
*Denotes variables that were included in models with ∆AICc  < 2 
 
Table 2.3 Model variables used for binomial regression and model selection for spotted 
salamanders (Ambystoma maculatum) in (N = 40) study wetlands in the upper Piedmont 
and lower Blue Ridge of South Carolina 
 
Model Variables  – Ambystoma maculatum 
Wetland Depth (cm)* 
Wetland Area (m2)* 
% Canopy Cover (5 m buffer) 
Invertebrate Taxonomic Richness* 
Average Invertebrate Tolerance Value 
Total Abundance of Filterer Invertebrates* 
Distance to nearest road (m)* 
Distance to nearest known wetland (m)* 
Historical Amount of Open Water (250 m)* 
Historical Cultivated Area (500 m)* 
Historical Low-Density Development (1 km) 
Historical Pasture Area (1 km) 
Current Pasture Area (250 m) 
 
*Denotes variables that were included in models with ∆AICc  < 2 
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RESULTS 
The db-RDA performed on the amphibian community explained a total of 12.27% of 
constrained variation in amphibian distribution data. Permutation tests indicated that the 
analysis was significant (F = 1.6724, p = 0.005) using 10,000 permutations. The db-RDA 
performed on the benthic macroinvertebrate community was not significant as indicated 
by permutation tests.  
The ‘varpart’ function indicated that current and historical land cover had relatively 
little influence on the invertebrate community (Table 2.4). Conversely, the same function 
performed on the amphibian community demonstrated that historical landscape condition 
was more influential and explained more variance than current landscape condition. 
Although these results indicated a pattern, they were not conducive to clear interpretation 
at the community level for the amphibians specifically; therefore I also utilized species-
specific models including historical and current land cover variables.  
 Classification of wetlands by percent historical (Fig. 2.2.1) and current (Fig 2.2.2) 
forested area revealed that most sites were situated in historically forested environments 
with most wetlands located in areas with > 95% forest cover at the 250 m, 500 m and 1 
km scales. While the majority of wetlands remain in primarily forested environments, 
only nineteen out of forty-one wetlands currently have more than 60% forest cover across 
all three spatial scales. 
Wood Frog Model Results 
The best-fitting candidate model for wood frogs (Table 2.5) included wetland 
turbidity (negative relationship – neg), dissolved oxygen (positive relationship - pos), and 
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amount of historical forested area at the 500 m spatial scale (neg). These three variables 
were all present in four of the top-supported models, along with total benthic 
macroinvertebrate parasite abundance (pos), representative depth (neg), total benthic 
macroinvertebrate shredder abundance (neg), and nitrate concentrations (pos). I used 
multi-model averaging to select the top-supported model for wood frogs (Appendix B). 
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Table 2.4 Results of variance partitioning analysis for the amphibian and benthic 
invertebrate communities of  (N = 40)  wetlands in the lower Blue Ridge and upper 
Piedmont ecoregions. With two explanatory variables (current land use, historical land 
use), the fraction [a] represents the variation described, uniquely, by the set of current 
landscape variables and [b] represents the variation described, uniquely, by the set of 
historical landscape variables.  
 
Taxa Fraction Model Fit (Adj. R
2
) 
Amphibian Current Land Cover [ a ] 0.045 
Historic Land Cover [ b ] 0.229 
Invertebrate Current Land Cover [ a ] 0.022 
Historic Land Cover [ b ] 0.059 
 
 
Table 2.5 The top-supported models describing wood frog distributions in N = 40 study 
wetlands throughout the upper Piedmont and lower Blue Ridge ecoregions of South 
Carolina 
 
Selected Models - Lithobates sylvaticus AICc ΔAICc R
2
 Weight  
turbidity 
(-)
 + DO 
(+)
+ HistForested500
 (-)
 43.36 0 0.378 0.231 
 
DO 
(+)
 + HistForested500 
(-)
 43.48 0.11 0.331 0.218 
 
DO 
(+)
 + HistForested500 
(-)
 + HistForested1000
 (-)
 43.88 0.51 0.331 0.179 
 
turbidity 
(-)
 + DO 
(+)
 + Parasites 
(+)
+ HistForested500 
(-)
 44.05 0.68 0.414 0.164 
 
DO 
(+)
 + Total Parasites 
(+)
 + HistForested500 
(-)
 44.86 1.49 0.351 0.111 
 
turbidity 
(-)
 + DO 
(+)
 + temp 
(-)
  + Parasites 
(+)
 +  
HistForested500 
(-)
 45.08 1.71 0.445 0.098 
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Spotted Salamander Model Results 
 The models identified by AICc and model weights for spotted salamanders were 
considerably more complex compared to wood frogs despite the facts that similar 
numbers of variables were used in each global model (spotted salamander model = 13 
variables, wood frog model = 12 variables). The best-fitting candidate model for spotted 
salamanders (Table 2.6) included wetland invertebrate richness (pos), area (neg), depth 
(neg), total benthic macroinvertebrate filterer abundance (neg), distance to nearest 
wetland (neg), distance to nearest road (pos), historical amount of open water at the 250 
m spatial scale (neg) and historical amount of cultivation at the 250 m scale (pos). I used 
multi-model averaging to select the top-supported model for spotted salamanders 
(Appendix C). 
Table 2.6 The top-supported models describing spotted salamander distributions in N = 
40 study wetlands throughout the upper Piedmont and lower Blue Ridge ecoregions of 
South Carolina 
 
Selected Models - Ambystoma maculatum AICc ΔAICc R
2
 Weight  
Invert Richness 
(+)
 + Area 
(-)
 + Depth
 (-)
 + Filterers 
(-)
  
+ Dist to Wetland 
(-) 
+ Dist to Road 
(+)
 +  
Hist Open Water250 
(-) 
+ Hist Cultivated500 
(+)
 44.06 0 0.64 0.681 
 
Invert Richness 
(+)
 + Area 
(-)
 + Filterers 
(-)
 +  
Hist Open Water250  
(-) 
+ Hist Cultivated500
 (+)
 44.83 0.76 0.45 0.463 
 
 
DISCUSSION AND CONCLUSIONS 
 My overall results indicated differential responses between the invertebrate and 
amphibian communities throughout our study wetlands in response to historical 
landscape condition. Amphibians exhibited significant relationships with historical 
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landscape condition at both the community and species level while the invertebrate 
community was not significantly related to any variables describing historical landscape 
condition. Furthermore, I did not find any evidence to suggest that either community was 
significantly influenced by current landscape condition. These results indicate potentially 
different sets of environmental drivers which structure these communities and this 
finding underscores the importance of considering these communities separately in both 
conservation and management action of small, seasonal wetlands throughout the 
southeast.  
The best predictive models for wood frog occurrence included wetland turbidity 
(neg), dissolved oxygen (pos) and amount of historical forest area at the 500 m scale 
(neg). As expected, wetland turbidity negatively was negatively related to wood frog 
presence; this finding agrees with much previous work demonstrating negative impacts of 
high levels of turbidity and fine sediments larval development and survivorship (Wood 
and Richardson 2009). Previous research has indicated the importance of wetland 
turbidity and it’s negative impact on amphibian larvae (Schmutzer et al. 2008) and 
overall amphibian abundance (Brodman et al. 2003). Furthermore, high levels of turbidity 
may inhibit the ability of amphibian larvae to detect predators in aquatic environments, 
which strongly influences survivorship rates (Relyea 2003). Previous research has 
indicated that dissolved oxygen is a major environmental driver of the distributions of 
many aquatic taxa, including wood frogs and spotted salamanders (Stevens et al. 2006).  
Although current land cover variables were included in both models, it is surprising 
that they were not in best-fit for either wood frogs or spotted salamanders. This finding 
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may suggest that certain amphibian species (e.g., habitat specialists, sensitive species) in 
this region are still responding to environmental disturbances occurring decades ago. 
Given the region’s history of intensive agricultural activity and the level of soil 
exhaustion, deforestation and other issues that accompanied this agriculture, it is not 
surprising that certain species distributions are better explain by historical rather than 
current land cover conditions. The observed negative influence of historical forested area 
on current wood frog occurrence may reflect the significance and legacy effect of 
historical agriculture in our study area. A number of my study wetlands originated as 
manmade farm ponds, likely constructed from the late-nineteenth to early-twentieth 
century, which were found ubiquitously throughout agricultural areas. Agriculture served 
to both drain natural wetlands and to create artificial ponds and those ponds may persist 
as functional, naturalized wetlands today (Baldwin et al. 2006b). Previous work has 
demonstrated the importance of both local and landscape-scale processes on wood frog 
populations and the importance of forested areas at multiple spatial scales (Porej et al. 
2004, Baldwin et al. 2006a, Petranka et al. 2007). Wood frogs are known to have strong 
associations with upland habitats and fairly extensive movement capabilities (> 1 km) in 
relative comparison to spotted (and other fossorial) salamanders (Berven and Grudzien 
1990, Baldwin et al. 2006a).  Wood frogs’ greater vagilities mean they can make more 
use of available space and can likely move more freely from wetland to wetland or from 
adverse environmental conditions. Previous work in this region has identified wood 
frogs’ abilities to shift away from breeding sites and find new ones in the face of adverse 
environmental conditions (e.g., fish introductions) (Petranka et al. 2007). We observed 
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similar flexibility in breeding pond selection of wood frogs during our study; a wetland 
created by a beaver dam was restored to its original stream condition via dam removal in 
the summer between breeding seasons. At the onset of the following breeding season, the 
local wood frog population simply moved across the gravel road to a previously-
unoccupied, small, streamside pool that was isolated completely by an oxbow-type 
formation. This observed flexibility in breeding activity may be part of what allows wood 
frogs to continually persist in spatially- and temporally-unpredictable, southernmost point 
of their range. 
The relative complexity of spotted salamander models may suggest that fossorial, 
slow-moving (Rittenhouse and Semlitsch 2006) and highly-philopatric (Gamble 2004, 
Gamble et al. 2007), ambystomatids are influenced by a greater number of environmental 
variables as they are less vagile in general, with some notable exceptions (see Gamble et 
al. 2007), and less able to move great distances to escape unfavorable environmental 
conditions. For example, previous work has found that spotted salamanders continue 
actively breeding in seasonal wetlands despite to near-total removal of adjacent terrestrial 
habitat (Scheffers et al. 2013); this work also suggests a time lag between the onset of an 
environmental disturbance and the response of a given species (Hossack et al. 2013). 
Additionally, spotted salamanders may be influenced by more environmental drivers due 
to their long larval developmental periods,  potentially more complex interactions with 
other wetland biota (e.g., carnivorous larvae), and their longer life spans in comparison to 
wood frogs, which are explosive breeders with high reproductive rates and variable 
annual survival.  
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Total invertebrate richness was significantly related to spotted salamander 
occurrence; this finding reflects the significance of the invertebrate community for 
carnivorous salamander larvae (Davic and Welsh 2004, Benoy 2008, Hentges and 
Stewart 2010). It is well established that spotted salamander larvae regularly feed on 
wetland invertebrates and I found invertebrate taxonomic richness was positively 
associated with spotted salamander occurrences in this system of small, seasonal 
wetlands. My results indicated that spotted salamander occurrence was negatively related 
to wetland area, which was highly significant in both of the top-fitting models. Much 
work has demonstrated the importance small (< 1 ha) wetlands for wetland-breeding 
amphibians such as spotted salamanders and wetland area may be related to other 
parameters such as predation regime.   
Other studies corroborate my findings that wetland depth is a significant driver for 
breeding dynamics of terrestrial salamanders (Hecnar and McLoskey 1998, Howard et al. 
2012). Furthermore, my results indicated higher occurrences of spotted salamanders in 
more isolated wetlands (i.e., those wetlands with greater distances to nearest known 
wetland) which has also been confirmed in other portions of the species’ range (Veysey 
et al. 2011) and emphasizes the overall significance of surrounding vernal pools in 
influencing spotted salamander breeding (Baldwin et al. 2006b). The significance of 
distance to nearest known wetland suggests the importance of adjacent upland habitat; 
this finding may indicate sensitivity of spotted salamanders to anthropogenic processes 
occurring in upland habitats, including historical anthropogenic processes such as 
agriculture and large-scale deforestation (Denoel and Lehmann 2006). Other work has 
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identified wetland area and distance to proximate wetlands as a significant driver for 
ambystomatid salamanders (Porej et al. 2004, Denoel and Lehmann 2006), particularly in 
terms of metapopulation dynamics (Gamble et al. 2007) and surrounding landscape 
context. As noted in other studies, it is possible that the coarseness of the species 
distribution data (i.e., presence/non-presence rather than abundance), may mask 
potentially significant relationships that would be identified if more fine-scale, detailed 
data were available on amphibian abundance and population dynamics throughout my 
study system (Guerry and Hunter 2002). The top-suppored models (∆AICc < 2) for 
spotted salamanders included historical amount of open water at the 250 m scale (neg) 
and amount of cultivated area at the 500 m scale (pos). I found that spotted salamanders 
occurred more in wetlands with greater levels of historical cultivated areas. Historically 
cultivated areas may be indicative of long-term reforestation following widespread farm 
abandonment and this reforestation and partial ecosystem recovery may potentially 
explain the relationship between spotted salamander presence and historical cultivation at 
the 500 m scale. Furthermore, historically cultivated areas may indicate the presence of 
aquatic features such as farm ponds which not only persist in the current landscape but 
also were observed to contain breeding populations of spotted salamanders in my study 
system.  
Other studies have demonstrated the sensitivity of various species of salamanders to 
substrate changes and to historical substrate compaction (e.g., abandoned logging roads) 
and other major land cover changes such as widespread deforestation (Faccio 2003, 
Semlitsch et al. 2007, Connette and Semlitsch 2013). Connette and Semlitsch (2013) 
 48
found that terrestrial salamander abundances still had not fully recovered to ‘peak 
abundance’ levels more than one hundred years after large-scale deforestation for timber 
harvesting. Previous work has shown that agriculture and other large-scale deforestation 
processes are associated with increasingly isolated wetland populations and the intense 
agricultural history of the study area may continue to influence salamander distributions 
throughout the study region (Petranka et al. 1993, Semlitsch et al. 2007).  
I omitted hydroperiod from candidate models for several reasons: 1) wetland 
hydroperiod is likely the most commonly-studied and cited variable of importance for 
pond-breeding amphibians (Pechmann et al. 1989, Semlitsch et al. 1996a, Wissinger et al. 
1999, Semlitsch 2000, Snodgrass et al. 2000a, Snodgrass et al. 2000b, Herrmann et al. 
2005b, Rubbo and Kiesecker 2005, Baldwin et al. 2006b, Otto et al. 2007, Petranka et al. 
2007, Skidds et al. 2007, Werner et al. 2007a, Karraker and Gibbs 2009, 
Vanschoenwinkel et al. 2009, Werner et al. 2009, Korfel et al. 2010, Howard et al. 2012, 
McCaffery et al. 2014) which makes the importance of standing water an obvious, 2) the 
majority of our wetlands were observed to dry at least once during the two year study 
period and 3) our hydrographs were extremely variable from wetlands in this region and 
our datalogger records were difficult to interpret with any degree of accuracy. Although 
hydroperiod is clearly one of the strongest structuring forces of aquatic systems, my lack 
of high quality hydroperiod data allowed me to examine potential secondary drivers 
influencing amphibian and invertebrate communities in my study wetlands.  
In this study, it is important to remember that almost all study ponds were in 
relatively forested areas, with the exception of a few, so these results may not be 
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extrapolated to highly-fragmented, urbanized areas. Although land use history has proven 
useful in explaining variation in wetland communities, there are certainly limitations 
associated with historical data sources (Egan and Howell 2001, Hamin 2001). In my case, 
the photo resolution of historical aerial photograph was not consistent across the various 
images we used and this may have impacted my ability to delineate different land use 
categories. While the period of 1935-1955 was a time of significant change for this 
region, the majority of the study sites were historically located in mostly-forested areas 
and many of them remain in forested regions.  Previous work has pointed out the 
importance of documents which, although scattered across space and time, all aim to 
provide large-scale overviews of our selected areas at approximately the same scale and 
resolutions (Borgström et al. 2012). The photographs corresponding to the wetlands that 
were, and still are, located in or adjacent to highly-developed areas (N = 10 wetlands, 
24%) came from a 1935 set of aerial photographs taken by the Soil Conservation Service 
of Clemson University and the surrounding areas; this was the earliest set of aerial 
images used for my study and I am confident that it accurately depicts the small amount 
of high-density development occurring in the 1930’s in and around the city of Clemson, 
SC. In contrast, the remaining study wetlands were historically and currently situated in 
mostly-forested, mountainous, more rural areas of the study region, I am confident that 
the later time period (1940-1950s) in which the aerial images were taken for sites located 
farther away from Clemson (gradient running southwest to northeast) were still accurate 
representations of these areas (i.e., if an area was forested in 1940 or 1950, it is highly 
 50
unlikely that they were under low or high-density development earlier in the twentieth 
century).  
This study has demonstrated the importance of both current and historical land cover 
condition on amphibians inhabiting small and/or isolated wetlands across our southern 
Appalachia. In the face of rapidly-changing landscapes, human-induced climate change 
and other direct and indirect environmental stressors, conservationists and managers 
should attempt to incorporate historical data into analyses of current species distributions; 
this should be done in order to 1) gain a better understanding of the processes that acted 
and interacted to form present-day landscapes and 2) to improve our ability to respond to 
future environmental changes based on our knowledge of the past. 
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CHAPTER THREE 
 
THE UTILITY OF STATE PARKS AS A CONSERVATION TOOL FOR ISOLATED 
AND EPHMERAL WETLANDS: A CASE STUDY FROM THE SOUTHERN BLUE 
RIDGE 
 
INTRODUCTION 
 
Much research has demonstrated the importance of parks and other such protected 
areas for the ecological, conservation, social, and cultural benefits they provide (Lewis et 
al. 1990, Kellert et al. 2000, Gibbons 2003). Publicly-owned lands that are designated as 
parks, either at the local, state, or federal levels, are important tools for conservation of 
biodiversity (Locke and Dearden 2005, Maiorano et al. 2006, Leroux et al. 2010). Despite 
the importance of such areas, much work has demonstrated that the effective size of parks 
and protected areas is much smaller in reality as a result of human encroachment and 
increasingly-fragmented landscapes (Hayes 2006, Fetcher and Fellows 2011). Protected 
areas constitute approximately 12% of the earth’s total surface and have been described 
as ‘the most important core unit for in situ conservation,’ (Lewis et al. 1990). State parks 
and other publicly-protected areas across North America have served as useful tools for 
wildlife conservation and for successful interaction among scientists, managers, and the 
general public.  From an international perspective, state parks of the US fall under either 
Category IV IUCN protected areas, representing habitat/species management areas and 
protected landscapes (Kellert et al. 2000), and these areas may help fill the local gaps in 
current protected area networks occurring at larger scales.   
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In the US, there are 6,624 state parks that receive approximately 725 million visits 
per year and contribute more than US $20 billion to local economies and communities 
(Bergstrom et al. 1990, Cordell et al. 1992). In some areas, state park holdings may 
encompass greater swaths of area compared to federal lands in the same region (e.g., 
Adirondack State Park, ~ 6,000,000 acres, (Bolgiano 1998); Baxter State Park, ~ 140,000 
acres (Johnston et al. 2008), and thus are excellent targets for mapping and managing 
specific species, communities and habitat types on both local and landscape scales 
(Bolgiano 1998). Within their boundaries, state parks are typically protected from most 
types of development and extreme changes in land use and as such, they provide 
significant conservation targets across multiple spatial scales. Such small, protected areas 
may help contribute to important conservation coverage for under-protected habitats. 
State parks may aid in the identification and conservation of areas hosting high levels of 
species richness and/or endemism through filling certain geographical gaps in existing 
conservation networks (Bedford and Godwin 2003). Furthermore, state parks and 
protected lands offer a conservation advantage for cryptic, undocumented ecosystems or 
habitats occurring on a smaller spatial scales (< 1 ha) which may not be afforded 
protection by any other means. Because state parks serve as a type of a priori 
conservation framework, areas which are identified as ecologically important within state 
park boundaries can be more rapidly prioritized for targeted management. Furthermore, 
the small-scale nature of state park protection matches the scale of cryptic ecosystems 
such as small, ephemeral wetlands. Although state parks were not typically established 
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for the explicit purposes of biodiversity conservation, they may still serve important 
ecological functions that are currently understudied.  
Biodiversity management has historically been confined to parks and protected 
areas and these types of formally-protected areas may potentially help to mitigate the 
effects of climate change and habitat losses by preventing further habitat fragmentation, 
degradation and the spread of non-native species (Estes et al. 2011). Throughout the US, 
state parks are afforded direct protection (both currently and historically) from localized 
development pressures and this may help to protect small (< 1 ha) ecosystems such as 
ephemeral wetlands, streams and other temporally-dynamic ecosystems. Ephemeral 
wetlands and streams often serve as critical breeding habitat for certain amphibian and 
invertebrate species and these aquatic habitats are all but essentially overlooked by most 
regulatory legislation in the US and globally (Murphy 2007, Leibowitz et al. 2008). State 
parks are often at higher elevations and include areas adjacent to or encompassing 
headwater streams which are an essential resource, particularly in the southeastern US. 
Furthermore, human interaction with the environment is maintained and managed by park 
personnel who, on an individual basis, may be more likely to be conservation-minded and 
in some cases, possess local ecological knowledge regarding the locations and dynamics 
of small or under-studied ecosystems (Sacerdote and King 2009).   
Contributions of the SC State Park System: A Case Study 
South Carolina is composed of five ecological regions that extend from the 
coastal plain into the montane forest habitats in the lower Blue Ridge. In addition to its 
diversity of habitats, South Carolina has experienced a long history of land use for 
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millennia by both indigenous peoples (Delcourt and Delcourt 1997) and European and 
African settlers (Dotterweich 2013). South Carolina was formally established in 1710 by 
King Charles I and, like many other colonies, SC’s revenue was based primarily on its 
agricultural economy of rice, indigo, cotton and tobacco as well as other forms of 
resource extraction (e.g., timber and naval stores) (Ruffin 1992, Cowdrey 1995, Cox 
2005, Dotterweich 2013). Because much of the south’s exports and economy were 
largely dependent upon intensive agriculture rooted in a culture of slavery, the state 
eventually experienced a total economic collapse following the end of the Civil War 
(Temin 1976, Woodman 1979, Ruffin 1992).  This social and economic turmoil 
continued into the twentieth century and through the Great Depression, with high rates of 
unemployment, poverty and widespread farm abandonment (Trimble 1974, Yarnell 1998, 
Hayes Jr. 2001, Gaston et al. 2006). Although South Carolina was already entrenched in 
economic depression long before the 1929 crash of the US stock market, this national 
crisis served to further damage the South’s unstable socio-economic climate (Bishop et al. 
1995). In 1933, New Deal legislation was enacted in South Carolina and by the fall of the 
same year, approximately 25% of the state’s population was either employed or assisted 
by ‘alphabet’ agencies including the Civilian Conservation Corps (CCC), the Works 
Progress Administration (WPA), and the Soil Conservation Service (SCS) (Gaston et al. 
2006). These agencies funded a multitude of projects including improvements to 
infrastructure, literacy training, the construction of more than 2,000 primary and 
secondary schools, environmental reforestation efforts and soil conservation education 
(Gaston et al. 2006). 
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Prior to the introduction of the CCC in the 1930’a, South Carolina, along with 
most other states, had no designated state parks within its boundaries (Bishop et al. 1995, 
Imai et al. 2008). By the end of the Great Depression the CCC had constructed sixteen 
state parks in South Carolina and by doing so, had provided employment, recreation, and 
skill training for thousands of citizens, including women and African Americans (Gaston 
et al. 2006). The CCC’s activity through the state in the 1930’s led to the formal creation 
of the state park system in South Carolina, which continues to heavily contribute to SC’s 
tourist economy (Bishop et al. 1995). In 2011, the SC state park system, comprised of 47 
total parks spanning approximately 32,000 hectares, generated a record revenue amount 
of US $21 million (Bergstrom et al. 1990). With tourism directly or indirectly supporting 
one in ten jobs in the state, the fiscal impact of SC tourism, including SC state parks, is 
US $1.2 billion in local and state-wide revenue (SC Department of Parks, Recreation and 
Tourism 2008)  
The CCC constructed many state parks and protected areas to protect historic sites 
(Bishop et al. 1995) and this type of mandated preservation may help ameliorate the 
effects of immediate development pressures that are documented and prevalent in the 
region (see Brown et al. 2005). Visible signs of the CCC’s efforts are still evident today 
throughout various SC state parks and include structures such as stone dams, hiking 
trails, rock walls, bridges, roadways, amphitheaters, campsites and lakes (Gaston et al. 
2006).  
Within their geographical boundaries, state parks are typically protected from 
direct development and dramatic changes in land use (e.g., widespread deforestation, 
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large increases in impervious surface cover) which can drastically alter hydrology and 
natural regimes of nearby aquatic systems (Mitsch and Gosselink 1993, Richardson and 
McCarthy 1994, Walsh et al. 2005, Julian and Gardner 2014). State parks in the upper 
Piedmont and lower Blue Ridge ecoregions of SC represent a potentially untapped 
resource for small-scale ecosystem conservation and may offer a built-in network of 
protected areas to aid in the identification and protection of isolated, small, or otherwise 
cryptic habitats (e.g., ephemeral and/or isolated wetlands). A general lack of federal or 
state protection for extremely small (< 0.05 ha) isolated wetlands may necessitate the use 
of state parks as a feasible way to protect these important landscape features (Abell et al. 
2007). Because of the limited legal protection awarded to small, geographically-isolated 
and/or ephemeral wetlands (Murphy 2007, Leibowitz et al. 2008), state parks and 
protected areas may constitute a major component of the conservation of these small yet 
ecologically-significant habitats. Numerous studies have documented the importance of 
ephemeral and or/geographically isolated wetlands for supporting wildlife and 
biodiversity across multiple spatial scales (Gibbs 1993, Snodgrass et al. 2000c, Roe et al. 
2003). A previous project aimed at producing a map inventory and assessment system for 
these wetlands relied heavily on SC state park personnel for access to and information 
regarding wetlands as well as directions or guided tours to wetlands (Pitt et al. 2012).  
Here I demonstrate the conservation role played by SC state parks in locating, studying 
and conserving extremely small, mostly-isolated wetlands in the southeastern US.  
The upper Piedmont and lower Blue Ridge ecoregions (i.e., “the upstate”) of 
South Carolina is an area rich with biodiversity, natural history and a number of state 
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parks across the region. Additionally, this area is plagued by a multitude of 
anthropogenic issues (e.g., suburban sprawl, increased impervious surface cover, 
increased human population density) that are only predicted to increase in the future 
(Boitani et al. 2008). My objectives for this study were to use the SC state park system as 
a case study to 1) examine the structural and functional differences between wetlands 
located inside versus outside the state park system, and 2) suggest a conservation 
framework for small wetlands in these areas that incorporates both state parks and 
specific adjacent areas with variable ownership status. I posit that wetlands within state 
parks are likely to have lower adjacent road densities, more variable hydroperiods and 
higher total taxonomic richness compare to wetlands outside of state parks. I wanted to 
examine what role, if any, the state park system could play in conserving a system of 
small, temporally-dynamic wetlands.  
 
METHODS 
Under an EPA-funded study to identify and characterize small, isolated and/or 
ephemeral wetlands in the upstate of SC, I sought out SC state park personnel to assist us 
in locating such wetlands, which may be too small to be identified using freely available 
remote sensing data (Pitt et al. 2012). This project was able to eventually map 
approximately 4500 wetlands remotely. I also relied heavily on local ecological 
knowledge of these wetlands in order to supplement our knowledge of this system. I 
called and emailed park rangers and described what types of water features in which I 
was interested (small, ephemeral, partially or totally isolated) and then arranged visits to 
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see potential wetlands. Through numerous site visits (1-2 initial visits per state park) and 
hikes in five different state parks across 3 counties in the upper Piedmont and lower Blue 
Ridge ecoregions (Oconee, Pickens and Greenville counties), I was able to identify 19 
wetland sites to include in this study, giving me a sample size of 41 study sites (Figure 
1.2). During site visits, additional information was gained from Park rangers who showed 
me potential water features of interest; certain personnel were even able to provide 
historical insight into these areas, provide natural history detail and assist in monitoring 
efforts. This was useful because it gave me a frame of reference, both current and 
historical, for the areas I was studying which likely could not be found in any text book 
or previously published material.  
For each wetland, I collected a total of sixty environmental variables relating to water 
chemistry (pH, Conductivity), water quality (temperature, total coliform), wetland 
structure (depth, area), habitat parameters (elevation, canopy cover), and land cover 
variables across three spatial scales (see Appendix A for full list of variables collected) 
three times between January and June of 2010 and 2011. These three rounds of data 
collection were timed to coincide with seasonal waves of amphibian breeding effort 
documented for this area (Conant and Collins 1991, Weir and Mossman 2005). Wetlands 
were visited between two and four additional times throughout the year for amphibian 
call surveys, visual encounter surveys, egg mass counts and dip-net surveys. I approached 
each wetland quietly and listened for approximately five minutes to identify calling 
anurans. I then carefully searched each wetland’s shoreline out to 5 m from the wetland’s 
edge, carefully overturning rocks, logs and other debris searching for adult amphibians in 
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adjacent terrestrial habitats. All amphibians were identified to the species and returned to 
the wetland with the exception of larvae, of which a small sample of those we were 
unable to field-ID were taken to the laboratory, and euthanized with Tricaine 
Methanesulfate (i.e., ‘Finquel,’ ARGENT Chemical Laboratories, Inc., Redmond, WA), 
and preserved for later identification using a buffered 10% buffered formalin solution. I 
calculated detection probabilities for amphibians incorporating our multiple site visits and 
multiple lines of evidence using PRESENCE software, which generates both occupancy 
and detection probabilities (United State Geological Survey, 2014) (Table 2.2)  
  At each wetland, we selected a 1 m2 sampling area to collect benthic 
macroinvertebrates; within this sampling area, we disturbed the substrate manually and 
collected the sample using a D-frame dip net with 2 mm mesh (Wildco Inc., Yulee, FL). 
For each wetland, I sampled for benthic invertebrates in each microhabitat that I observed 
so the samples would be representative of the entire wetland. Upon returning to the lab, 
benthic macroinvertebrate samples were filtered a mesh filter and preserved in 80% 
ethanol for later identification. Invertebrates were later identified to the genus level and 
abundances of each genera were used to calculated Shannon-Weiner’s diversity index. I 
also assigned tolerance values to benthic macroinvertebrate generas, where they were 
available, based on North Carolina’s Freshwater Biotic Integrity index (Zedler and 
Kercher 2005). I then averaged all tolerance values for each wetland and created a mean 
assemblage tolerance value for each wetland based on its assemblage of benthic 
macroinvertebrates (B.L. Brown, pers. comm.). This measure was used as an additional 
proxy for water quality in my wetland system. I calculated the abundance of three 
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invertebrates orders (Ephemeroptera, Plecoptera, Trichoptera - EPT) which are 
commonly used in freshwater bioassesments as a surrogate for water quality in aquatic 
systems (Lenat and Barbour 1994). Each time a wetland was visited over the two year 
study period I documented the presence or absence of standing water and used this data 
to estimate the number of fill/dry cycles; I used this as a proxy for wetland hydroperiod. 
Pools with at least one observed fill/dry cycle were classified as ‘ephemeral’ and pools 
that were not observed to ever fully dry during the course of the study were classified as 
‘permanent.’ I calculated the total taxonomic richness of each wetland, using the total 
number of invertebrate, amphibian, reptilian, mammalian and avian species observed 
utilizing study sites during our study period.  
I examined each variable for normality and attempted to normalize variables using 
standard transformation techniques (e.g., logarithmic, square-root). I conducted two-
sample Student T-tests, one-way ANOVAs and non-parametric Wilcoxon Rank-Sums 
tests to examine the responses and identify differences between the two study sets of 
wetlands. To adjust for multiple comparisons, I calculated adjusted alpha levels (0.05/15 
= 0.003). All statistics were performed using JMP 10.2 Statistical software (Version 10.0, 
Cary, NC, Rodriguez-Rodriguez and Martinez-Vega 2012) and R (R Core Development 
Team, Vienna, 2012).  
RESULTS 
 My study sites consisted of nineteen wetlands that were located inside state park 
boundaries and twenty-one wetlands that were located outside of state park boundaries. 
By ecoregion, there were more state parks located in the lower Blue Ridge (16 park 
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wetlands, 12 non-park wetlands) compared to the upper Piedmont (3 park wetlands, 10 
non-park wetlands). State park wetlands constituted nearly half (46.34%) of my total 
study sites (N = 41). I found a total of 21 amphibian species throughout the 19 wetlands 
within SC state parks, with an average of 4.05 (± 2.55) species per wetland. This was 
compared to a total of 16 amphibian species that were found at non-park sites with these 
wetlands averaging 3.86 (±1.98) species per wetland, although not statistically 
significant.  
Table 3.1 All variables tested (n = 15) under the hypothesis that wetlands located within 
state parks differed significantly compared to wetlands not located within state parks.  
 
Tested Variables 
Total Taxonomic Richness* 
Amphibian Species Richness 
Invertebrate Genera Richness^ 
Invertebrate Diversity (Shannon's H) 
EPT Abundance* 
Average Tolerance Value^  
log(Pool Depth)* 
Pool Area 
Elevation* 
pH 
Dissolved Oxygen 
Conductivity/Salinity 
Temperature 
Turbidity 
Pool Canopy Cover 
* - significant at α = 0.0033 
^ - marginally significant (0.0033 < p < 
0.005) 
 
I observed significant differences in log-transformed average representative depth 
of park wetlands versus non-park wetlands (Figure 3.3), with park wetlands having, on 
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average, shallower and more variable depths (two-sample t(39) = 2.2490, p = 0.00302). 
Wetlands outside of the SC State Park system showed less variability in representative 
depth and tended to be deeper on average than park pools. Although not tested, I 
observed that wetlands within the SC state park system tended to have more surface 
hydrological connections to other bodies of water whereas wetlands outside of the SC 
state park system tended to be more discrete ponds.  
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Figure 3.1 Student’s two-sample T-test examining the differences in representative 
depths of wetlands within parks (n = 19) versus wetlands outside (n = 22) SC State Parks 
(two-sample t(39) = -2.2490, p = 0.0302). 
 
Using a non-parametric Wilcoxon-Ranks sum test, I found significant differences 
in median abundances of sensitive EPT benthic macroinvertebrates, with state park 
wetlands having significantly higher abundances of EPT invertebrates than non-park 
wetlands based on a chi-square approximation (X2 = 11.8882, p = 0.0006), suggesting 
higher water quality in these areas. Using Students’ t-tests, I found marginally significant 
differences in benthic macroinvertebrate genera richness between park and non-park 
wetlands (two-sample t(39) = 3.006, p = 0.0046), with park wetlands having significantly 
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higher median levels of benthic macroinvertebrate richness compared to non-park 
wetlands (Figure 3.2).  
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Figure 3.2 Results of Student’s two-sample T-test examining the differences in averate 
benthic macroinvertebrate genera richness in wetlands within parks (n = 19) versus 
wetlands outside (n = 22) of SC State Parks (two-sample t(39) =  3.006, p = 0.0046).  
 
Using a Student’s t-test to test for differences in cumulative taxonomic richness 
(amphibians + other vertebrates (mammals, reptiles and birds) + benthic 
macroinvertebrates), I found that wetlands located within SC state parks have 
significantly higher mean levels of total taxonomic richness (two-sample t(39) = 4.0426, p 
= 0.0002) than pools that were not located in state parks (Figure 3.3). Using a Student’s 
two-sample t-test, I compared average wetland assemblage tolerance values between 
wetlands within state parks and wetlands outside of state parks; I found marginally 
significant differences in average tolerance values (two-sample t(39) = 2.7608, p = 
0.0044), with park wetlands having significantly lower mean tolerance values than non-
park wetlands (Figure 3.4).  
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Figure 3.3 Results of a Student’s two-sample t-test examining differences in total 
taxonomic richness in wetlands within parks (n = 19) versus wetlands outside (n = 22) of 
SC state parks (two-sample t(39) = 2.7608, p = 0.0044) 
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Figure 3.4 Results of Student’s two-sample T-test examining the differences between 
average tolerance values of benthic macroinvertebrate assemblages in wetlands within 
parks (n = 19) versus outside (n = 22) of SC State Parks (two-sample t(39) = 4.0426, p = 
0.0002). 
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Using a non-parametric Wilcoxon Rank-Sums test, I found that wetlands within 
SC state parks had higher median elevation than wetlands that were not located in parks 
(Wilcoxon test, X2=9.0396, df=1, p=0.0026).  
DISCUSSION AND CONCLUSIONS 
My goal in this study was to understand the role that smaller, localized protected 
areas play in conserving smaller, localized ecosystems across the landscape. Moreover, I 
examined what, if any, specific role the SC state park system could play in conserving a 
cryptic wetland system that is currently afforded little protection or regulation at the 
federal or state level. I found significant differences between wetlands inside and outside 
of the state park system with regard to their habitat characteristics and biotic 
communities. I did not observe any significant differences in wetland area between park 
and non-park sites; this is not surprising as I designed our study to focus specifically on 
smaller, more cryptic wetlands. I did observe that park wetlands were more variable and 
shallower on average than non-park wetlands. Previous work has shown that shallower 
and more variable wetland depths may lead to decreased hydroperiod (McNeely 1994) so 
it is reasonable to assume that park pools may be maintaining some degree of 
ephemerality, or a wider array of wetland hydroperiods more efficiently than non-park 
wetlands. It is possible that a lack of regular monitoring and little to no prevention of 
manmade interferences (e.g., nearby development, road-building, etc) in non-park 
wetlands allows for processes to occur which may increase water depth hydroperiod; 
such processes often result in alteration of the natural hydroperiod to one with a greater 
degree of permanence and less natural ephemerality (Goodale and Aber 2001, Zedler 
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2004). National patterns have indicated a trend towards conversion of smaller, more 
ephemeral wetlands to deeper, more permanent ponds. Although park pools do exhibit a 
wide range of depths (park wetlands: min = 5.48 cm, max = 74.52 cm; non-park 
wetlands: min = 12.0475 cm, max = 151.13 cm), they are still, on average, shallower than 
non-park pools and this may contribute to greater variation in hydroperiod and potentially 
reduced predation regimes (e.g., fish establishment) as compared to non-park wetlands. 
This variation in predation regimes and hydrological permanence may potentially 
contribute to the observed trend of higher average levels of species richness in park 
wetlands as compared to non-park wetlands (i.e., a greater number of species can be 
supported by a greater diversity of habitats). Additionally, the higher degree of 
ephemerality in park pools may favor more specialized species (e.g., fairy shrimp, wood 
frogs, spotted salamanders, spade-foot toads) requiring temporary wetlands and may 
exclude more cosmopolitan species which exist in more permanent wetlands (e.g., 
bullfrogs).  
My finding that state park wetlands were located at significantly higher elevations 
than non-park wetlands has been demonstrated by other work (Rittenhouse and Semlitsch 
2006), and this may reflect the history of protected areas being established in less 
productive areas with poorer quality soil, and in less desirable areas (Chape et al. 2005, 
Joppa and Pfaff 2009). I found marginally significantly higher levels of overall 
taxonomic richness (amphibians + benthic macroinvertebrates + other vertebrates) in 
wetlands within the SC state park system and this trend may be due to the fact that state 
parks have fewer anthropogenic disturbances (e.g., impervious surface cover, urban, 
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suburban and exurban areas) and less movement barriers for many different taxonomic 
groups inhabiting these parks. Although these results were only marginally significant at 
an adjusted alpha = 0.0033, I believe this is close enough to my adjusted alpha level to 
indicate importance. State parks may be actively managed for exotic or invasive species 
and protected, to a certain degree, from such ecological challenges that could potentially 
impact native populations inhabiting park wetlands (Houlahan and Findlay 2004, Barber 
et al. 2012, Porter-Bolland et al. 2012). Small wetlands are difficult to locate using freely-
available remote sensing data and challenging to conserve because they are so dynamic 
across space and time; therefore, a practical conservation approach may be to protect 
large tracts of land (i.e., state parks and other protected areas) with the hopes that 
multiple isolated and/or ephemeral wetlands and the connectivity between these wetlands 
will be maintained within this protected area (Anderson and Ferree 2010). Although not 
tested, I did observe a trend of higher levels of hydrological connectivity in wetlands 
within state parks. These higher levels of connectivity within parks may contribute, in 
part, to the maintenance of higher levels of overall taxonomic richness in these areas 
(Meffe and Vrijenhoek 1988, Fagan 2002). Higher levels of hydrological connectivity 
may allow more opportunities for movement and dispersal along both ephemeral and 
permanent stream networks, providing a safer alternative to crossing roads (Fahrig et al. 
1995, Carr and Fahrig 2001, Cote et al. 2009). Furthermore, vehicle traffic in state parks 
is much tightly regulated, compared to non-park areas, and may pose less of a threat to 
migrating and dispersing wildlife.  
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While not significant, I found that lower mean turbidity levels were associated 
with park wetlands as compared to non-park wetlands (Wilcoxon Rank-Sums test, X2 = 
6.4313, p = 0.012).  In other words, state parks wetlands may have marginally better 
water quality in terms of turbidity as compared to wetlands outside the state park system. 
High levels of turbidity are known to negatively impact breeding amphibians (Brodman 
et al. 2003, Boucher et al. 2013, Reyers 2013), benthic macroinvertebrates (Carls and 
Ludeke 1984, Piquer-Rodríguez et al. 2012), fish (Petrosillo et al. 2010, Grebner et al. 
2013) and other biota that reside in aquatic systems (Schmitz et al. 2012, Troupin and 
Carmel 2014). Agricultural land use and development are strongly associated with 
increased levels of turbidity and suspended solids in surrounding bodies of water (Shafer 
2004, Riley et al. 2005) and it is possible that the overall lack of development within state 
park boundaries may contribute to lower levels of turbidity and better water quality in 
general. Furthermore, I observed marginally lower mean tolerance values for benthic 
macroinvertebrate assemblages from wetlands within state parks; this may also support 
the idea that aquatic systems within state parks have better water quality than those 
waters that are outside of park boundaries, as lower tolerance values are generally 
indicative of better water quality (Zube 1995). These findings suggest that state parks are 
successful at maintaining higher levels of water quality and more sensitive assemblages 
of aquatic organisms within park boundaries.  
The local ecological knowledge and cooperation of state park personnel was 
essential to the success of this study for both logistical and ecological reasons and I 
believe that these parks may be essential to the future of small wetland conservation. SC 
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state parks and personnel made large contributions to the sample size (46.34%) of my 
study. Because of their local ecological knowledge and careful attention to wetlands 
across space and time I was able to find a number of wetlands that were well off the 
beaten path.  When planning or conducting ecological studies, negotiating with private 
landowners can be challenging for a number of reasons including communication lapses, 
road access problems, and privacy concerns. In contrast, state parks are conducive to 
ecological studies because these parks are typically closed to the general public after dark 
and are less exposed to local disturbance and intervention by outside sources (e.g., 
tampering with equipment, data loggers, etc) (Hurlbert 1984). Lower levels of outside 
interference will almost certainly help researchers collect better, more consistent data and 
reduce tampering and theft issues. In many SC state parks, rangers live full time on or 
directly adjacent to park grounds and are often the first ones to note or be aware of major 
changes in habitats (e.g., dam removals, flooding, drying, or major phenological events). 
Occasionally, park personnel would update me on wetland conditions (e.g., frozen ponds, 
amphibian calling) which allowed me to more wisely utilize resources in deciding which 
sites to check first for amphibian breeding activity and to subsequently sample. 
 I also encountered the general public at various points during our sampling of 
state park wetlands and this provided an opportunity for interaction, education and 
meaningful dialogue between researchers and citizens regarding the importance of 
isolated and/or ephemeral wetlands in the Blue Ridge and Piedmont ecoregions of SC. 
These types of positive interactions help send a positive message to the public regarding 
the state parks system’s important role in conserving specific habitats and the biotic 
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communities that rely on these habitats. These researcher-citizen interactions also 
allowed for an opportunity for the general public to become educated about the value of 
wetlands and we believe local interactions such as these can potentially help facilitate a 
change in local public perception of wetland ecosystems and their importance (Wyatt and 
Silman 2010). Although the role of state park personnel was critical to this project, I 
recognize the practical limitations that are associated with the time and resource 
constraints of state park employees. Park personnel are often busy with a multitude of 
projects and may be unable to fulfill the additional role of locating cryptic ecosystems 
that are, at times, well off the beaten path. This highlights the importance of collaborative 
efforts among state parks, private landowners, NGOs and other stakeholders to take 
advantage of parks as a priori conservation networks and to help ensure that important 
habitats and ecosystems in parks do not go undocumented.  
Other research has demonstrated the importance of the larger-scale, national park 
system for conserving biodiversity in the southeastern US (Rodrigues et al. 2004b, Locke 
and Dearden 2005, Stoll-Kleemann 2010). Furthermore, the national park system has 
been termed ‘America’s longest standing conservation system,’ which emphasizes the 
importance of utilizing public, protected lands for conservation efforts, particularly in the 
species-rich, highly-endemic biotic communities of the southeastern US (Locke and 
Dearden 2005). I suggest that by focusing on and incorporating smaller-scale, state parks 
into large-scale conservation plans involving national parks (e.g., Great Smoky Mountain 
National Park, Southeast Region Landscape Conservation Cooperative) and the 
surrounding matrix of multi-use lands, biodiversity can be better conserved across a 
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range of spatial scales and reserve sizes (USGS 2014). This range of conservation, from 
the local to the regional scale, will help conserve a variety of habitats that are important 
to a number of ecological communities throughout the central southeast.  
Although the importance of parks and protected areas is well established for their 
role in landscape conservation, they are also vulnerable to activities occurring outside of 
park boundaries (Kellert et al. 2000, Leverington et al. 2010, Stoll-Kleemann 2010, 
Hansen et al. 2011). Other work has demonstrated that areas adjacent to parks and 
protected areas actually attract human development as a result of the natural amenities 
found in these areas (Zedler 2003, Rodrigues et al. 2004a, Maiorano et al. 2006, Hansen 
et al. 2011). This development pressure, occurring at the urban-wildland interface and 
other exurban land uses were the most rapidly-growing type of land use in the US from 
1950-2000 (Rodrigues et al. 2004a, Brown et al. 2005). Consequently, the development 
pressures in areas adjacent to parks may threaten the integrity of parks and other 
protected areas and effective conservation of these areas and the habitats they contain is 
paramount (Hayes 2006). Parks and other protected lands are influenced by and rely upon 
processes occurring at landscape and regional scales; therefore, the main challenge for 
parks is to maintain ecological integrity of protected areas in the face of ongoing 
development and external pressures (Eken et al. 2004, Hayes 2006).  
Relatively little research has evaluated the conservation value or biodiversity of 
state parks in the US. What information exists is likely contained in internal documents 
such as technical reports and other works that may not make it to peer-review or the 
general public. To my knowledge, this project provides the first published comparison of 
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aquatic diversity of small and/or ephemeral wetlands in state parks compared to those 
resources outside of state parks in the upper Piedmont and lower Blue Ridge ecoregions 
of the southeastern US. Additionally I provide a model, using the SC state park system as 
a case study, for identifying and conserving a cryptic ecosystem and under-protected 
habitats as well as the myriad of species that utilizes them throughout the year. This study 
demonstrates that local scale protected areas, such as state parks, may have considerable 
conservation benefit for local scale ecosystems such as small, ephemeral wetlands. 
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Appendix A 
All Environmental Variables Collected 
Variable Mean Standard Dev. Min Max 
Representative Depth (cm) 13.98 8.221 2.5 36.43 
Deepest Depth (cm) 31.50 30.70 5.48 151.13 
Pool Canopy Cover (%) 63.23 27.00 0 100.0 
5m Canopy Cover (%) 73.29 14.94 19.43 90.67 
Pool Area (m2) 371.6 714.3 2.905 3542.143 
Chlorophyll (µg/L) 5.77 8.73 0.164 41.17 
Total Coliform (MPN) 1518.28 765.23 1 2500 
E. coli (MPN) 135.20 339.90 0 1683.2 
Oxidative Reduction Potential 
(mV) 
147.90 27.32 72.5 189.167 
Dissolved Oxygen (%) 63.86 18.96 27.7 95.933 
Turbidity (NTU) 23.59 19.36 4.733 89.3 
Conductivity (ms/cm) 0.041 0.037 0.016 0.214 
Temperature (°C) 10.96 1.70 5.55 14.31 
pH 6.37 0.323 5.76 6.96 
Hydroperiod (weeks) 28.41 9.604 4.5 52 
Distance to nearest body of water 
(m) 
128.27 153.07 1 562.9 
Distance to nearest road (m) 211.96 283.55 1 1399.4 
Distance to nearest known 
wetland (m) 
1659.41 1561.11 32.3 6065.3 
Open water area 250 m (%) 1.69 4.55 0 19.09 
Disturbed/successional area 250 
m 
13.61 12.19 0 42.27 
Pastureland area 250 m 2.25 5.06 0 17.74 
Cultivated area 250 m  0 0 0 0 
Forested area 250 m  81.48 18.25 25.45 100.0 
Low-density development area 
250 m  
0.971 3.442 0 18.72 
High-density development area 
250 m  
0 0 0 0 
Open water area 500 m  1.83 4.34 0 17.69 
Disturbed/successional area 500 
m  
9.31 8.12 0 32.87 
Pasture area 500 m  2.77 6.27 0 33.45 
Cultivated area 500 m  0 0 0 0 
Forested area at 500 m  84.84 17.29 21.00 100.0 
Low-density development area 1.197 4.117 0 21.95 
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500 m  
High-density development 500 m  0.064 0.411 0 2.635 
Open water 1 km  2.040 3.656 0 17.317 
Disturbed/successional area 1 km  7.550 6.287 0 22.315 
Pasture area 1 km  2.454 5.282 0 31.57 
Cultivated area 1 km  0.366 2.267 0 14.52 
Forested area 1 km  86.63 13.89 37.72 100.0 
Low-density development area 1 
km  
0.919 2.805 0 12.60 
High-density development area 1 
km  
0.043 0.268 0 1.72 
Hist open water 250 m 0.27 1.25 0 7.05 
Hist disturbed/successional area 
250 m 
7.86 14.800 0 65.66 
Hist pasture area 250 m 2.21 7.63 0 38.63 
Hist cultivated area 250 m 2.91 9.11 0 54.81 
Hist forested area 250 m 86.62 21.27 5.91 100.0 
Hist low-density development 
area 250 m 
0.12 0.55 0 3.51 
Hist high-density development 
area 250 m 
0 0 0 0 
Hist open water 500 m 0.868 3.356 0 15.62 
Hist disturbed/successional area 
500 m 
6.73 13.13 0 61.29 
Hist pasture area 500 m 1.33 3.10 0 15.10 
Hist cultivated area 500 m 4.63 8.91 0 41.27 
Hist forested area 500 m 86.38 21.22 17.13 100.0 
Hist low-density development 
area 500 m 
0.057 0.010 0 0.478 
Hist high-density development 
area 500 m 
0 0 0 0 
Hist open water 1 km 0.9157 2.34 0 10.78 
Hist disturbed/successional area 
1 km 
5.41 9.98 0 39.83 
Hist pasture area 1 km 1.57 2.53 0 9.80 
Hist cultivated area 1 km 5.45 7.76 0 29.18 
Hist forested area 1 km 86.30 18.63 0 100.0 
Hist low-density development 
area 1 km 
0.359 1.726 0 11.1 
Hist high-density development 
area 1 km 
0.0002 0.0015 0 0.0099 
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Appendix B 
Model Averaging Table for Wood Frogs  
 
Model # Variable Coefficient (±SE) Odds Ratio 
1 DO 0.089415746 (± 0.003573) 0.916644096 
1 Turbidity  -1.029381875 (± 0.03917)       2.702469542 
1 HistFor500 0.000005487 (± 6.0787E-06) 1.000015313 
1 HistFor1000  -1.661567E-07 (± 6.8847E-07) 1.000000935 
1 Parasites 0.124201105 (± 0.10289) 0.978907025 
2 DO 0.089415746 (± 0.003573) 0.917938394 
2 HistFor500 0.000005487 (± 6.0787E-06) 1.00000133 
3 DO 0.07941 (± 0.003573) 0.923661146 
3 HistFor500 0.000013769 (± 6.04863E-06) 0.999986231 
3 HistFor1000 1.2075E-06 (± 6.88461E-07) 0.999998793 
4 DO 0.09602 (± 0.003573) 0.908441823 
4 Turbidity  -0.96339 (± 0.039166) 2.620430193 
4 Parasites 0.2271 (± 0.102882) 0.796854162 
4 HistFor500 0.00001663 (± 6.07863E-06) 0.999983367 
5 DO 0.0989833 (± 0.003573) 0.905757834 
5 Turbidity  -1.141978 (± 0.039166) 2.767781232 
5 Temp -0.43876 1.550783055 
5 Parasites 0.025467 (± 0.10288) 0.796854162 
5 HistFor500 0.000013676 (± 6.88461E-06) 0.999998793 
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Appendix C 
Model Averaging Table for Spotted Salamanders 
Model # Variable Coefficient (± SE) Odds Ratio 
1 Invert Richness 0.14396 (± 0.01941) 0.865922384 
1 Depth 1.87944 (± 1.26281) 0.15267558 
1 Area  -0.0124 (± 0.003587) 1.012471124 
1 Filterers  -0.0091 (± 0.001903) 1.009141531 
1 Dist to Wetland -0.0015707 NA 
1 Dist to Road 0.005787 NA 
1 Hist Open 250  -19.664873 (± 0.080514) 347013069 
1 Hist Cult 500 0.0001452 (± 0.000105) 0.999854811 
2 Invert RIchness 0.10514 (± 0.01941) 0.900198486 
2 Depth  -0.64618 (± 1.26281) 1.908237421 
2 Area  -0.00522 (± 0.003587) 1.005233648 
2 Hist Open 250  -19.8259 (± 0.080514) 407642042.3 
2 Hist Cult 500  0.00006413 (± 0.0001050) 0.999935872 
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